Phosphorus retention and release characteristics of wetland sediments in Hong Kong. by Lai, Yuk Fo. & Chinese University of Hong Kong Graduate School. Division of Geography and Resource Management.
Phosphorus Retention and Release Characteristics 
of Wetland Sediments in Hong Kong 
f , 
I - i 
？ • 
I 
LAI, Yuk Fo ！ 
A Thesis Submitted in Partial Fulfillment 
of the Requirements for the Degree of 
Master of Philosophy 
in 
Geography and Resource Management 
© The Chinese University of Hong Kong 
May 2007 
The Chinese University of Hong Kong holds the copyright of this thesis. Any 
person(s) intending to use a part or whole of the materials in the thesis in a 
proposed publication must seek copyright release from the Dean of the Graduate 
School. 
| ( 1 5 I 18 )i| 
Thesis/Assessment Committee 
Professor CHAU, Kwai Cheong (Chair) 
Professor LAM, Kin Che (Thesis Supervisor) 
Professor NG, Sai Leung (Committee Member) 
m 
Abstract of thesis entitled: 
PHOSPHORUS RETENTION AND RELEASE CHARACTERISTICS 
OF WETLAND SEDIMENTS IN HONG KONG 
Submitted by 
LAI, Yuk Fo 
for the Degree of Master of Philosophy 
at the Chinese University of Hong Kong 
in May 2007 
This study investigated the key phosphorus (P) retention and release 
characteristics of sediments in two selected Hong Kong wetlands, namely the 
natural Mai Po Marshes and the constructed Hong Kong Wetland Park (HKWP), 
by conducting field sampling and laboratory experiments. 
The Mai Po Marshes, with very high average nutrient concentrations in 
the sediments (total phosphorus: 1546 mg kg"'; total Kjeldahl nitrogen: 0.30%), 
was considered a contamination hot spot. Phosphorus fractionation results show 
that Mai Po sediments had significantly higher Fe(OOH)«P, CaCOsaP, Org-Pac and 
Org-Paik concentrations than the HKWP sediments. Overall, inorganic P 
constituted more than 50% of the total sediment P pools in both wetlands, with 
Fe(OOH)»P being the dominant P fraction. 
Mai Po sediments possessed significantly higher Langmuir sorption 
maxima (Smax) and Freundlich adsorption constants than the HKWP sediments, 
owing to the presence of greater concentrations of organic matter, 
oxalate-extractable Fe and Al. Yet, further adsorption of P would be increasingly 
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difficult in view of the high degree of P saturation in sediments. On the other hand, 
the HKWP sediments demonstrated a good capacity to adsorb additional solution 
P with a moderately high Langmuir Smax, bonding energy constant and FeOOH to 
Fe(OOH)«P ratio. 
Significantly higher zero equilibrium P concentrations (EPCo) ranging 
from 0.02 to 0.51 mg L"' were recorded from the Mai Po sediments, indicating a 
possible desorption of P which would maintain a high solution P level even with a 
reduction in external P load. In contrast, the HKWP sediments had very low EPCo 
values at the microgram level and hence would adsorb P readily under moderate 
to high P loadings. Batch incubation experiments were also conducted to examine 
the effects of selected environmental parameters on P sorption by wetland 
sediments. Results indicate that sediment P adsorption was enhanced under lower 
salinity, higher temperature, and near neutral pH conditions. 
An appreciably low average P flux of 0.05 士 0.01 mg m"^  d"' was 
obtained from the HKWP sediments, implying that sediment P release would not 
contribute to significant degradation in water quality. Mai Po sediments had a 
significantly higher mean P flux of 6.7 ± 1.9 mg m"^  d ' \ which was comparable to 
values reported for other eutrophic wetlands. 
Sediments in both the HKWP and Mai Po gei wai exhibited a distinct 
seasonal pattern in P flux, which could be largely attributed to differences in water 
column P concentration and organic matter mineralization respectively. Further, 
Mai Po sediments had a significantly higher mean P flux of 31.8 mg m"^  d"' under 
ii 
anaerobic conditions and demonstrated a strong retention of P upon re-aeration of 
the water column which was likely regulated by Fe chemistry. 
Results of this study suggest that the HKWP sediments comprising 
pond bund materials, decomposed granite and river sand could be suitably used in 
constructed wetlands to retain water-borne P. On the contrary, the nutrient-laden 
Mai Po sediments would release substantial amount of P into the overlying water 
especially under reducing conditions. Appropriate measures would need to be 
taken to reduce internal loading of P for effective abatement of eutrophication in 
the Mai Po Marshes. 

























0.05 ± 0.01毫克。這相當低的交換通量暗示沉積物磷的釋放不會對水質構成 
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Wetlands can be used to attenuate water-borne pollutant transport 
through various physical, chemical and biological processes. Phosphorus (P) 
retention and transformation, in particular, is recognized as one of the key 
biogeochemical functions performed by wetlands in improving the quality of 
surface and subsurface waters (Hogan et al, 2004). However, the role of wetland 
sediments, which can function either as a temporary sink or source for P 
depending on the physico-chemical properties of sediments and overlying water 
(Richardson, 1985), is often overlooked in eutrophication control and water 
quality management. To improve our understanding of the influence of sediments 
on water quality in wetlands, this study was designed to investigate the 
phosphorus retention and release characteristics of wetland sediments in Hong 
Kong. This chapter attempts to put the research into context by briefly introducing 
the conceptual background, the research objectives and significance of study. 
1.2 RESEARCH BACKGROUND 
1.2.1 Wetlands and Water Quality 
Over the last century, human-induced eutrophication of rivers, estuaries 
and oceans has become more and more frequent owing to increasing population 
density, industrial activities and use of fertilizers (de Jonge et al” 2002). The 
enrichment of nutrients in water bodies has resulted in significant degradation in 
1 ‘ 
water quality with elevating water pH and declining water clarity and dissolved 
oxygen concentration (Smith et al.，1999), which subsequently leads to retarded 
development of submerged aquatic vegetation as well as death of fish and other 
benthic organisms (Malecki et al., 2004). 
Phosphorus is widely regarded as the most common limiting nutrient in 
freshwater systems (Gibson, 1997; Wetzel, 2001) in addition to a major 
contributor to eutrophication in freshwater lakes, reservoirs, streams and 
headwaters of estuarine systems (Correll, 1998). Being a key component in 
biochemical reactions in the biological systems (Pant & Reddy，2001), it plays a 
vital role in regulating bacterial growth and carbon fixation in sediments of 
coastal wetlands (Sundareshwar et al, 2003). Given the ecological importance of 
P, the loading of this nutrient should be properly controlled with a view to 
minimizing the possible cascading detrimental effects of nutrient enrichment on 
the structure and functions of aquatic ecosystems. 
Wetlands are considered by many as "kidneys of the landscape", 
receiving water and waste from a variety of natural and anthropogenic sources 
and cleansing them before discharging downstream (Mitsch & Gosselink, 2000). 
Natural wetlands like bogs, freshwater marshes and brackish water marshes 
possess a certain self-purification capacity and can demonstrate good removal of 
nutrients, heavy metals, suspended solids and biochemical oxygen demand 
through various metabolizing processes (Bastian & Benforado, 1988; Jenssen et 
al., 1994). Meanwhile, as illustrated by Nichols (1983)，the P removal efficiency 
of wetlands could vary considerably across space and time. To account for such 
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variations and formulate water quality management plans, there is a need to 
understand thoroughly the various mechanisms involved in wetland P cycling. 
1.2.2 The Role of Sediments in Eutrophication Control 
Water bodies can be made more eutrophic with an increased external 
supply of P from a variety of sources, including atmospheric, fluvial, and 
groundwater inputs, which together are termed as external loads (Smith et al., 
1999). The reduction of external P load, despite being considered a keystone and 
prerequisite for long-term water quality restoration (Sondergaard et al., 2001), 
does not always lead to an immediate enhancement of water quality (Scheffer et 
al., 1993). Many eutrophic water bodies fail to respond or respond with a long 
time lag to a drop in phosphorus inputs. For example, Carvalho et al. (1995) 
found an insignificant change in phosphorus outputs of Rostheme Mere Lake in 
spite of a considerable reduction in external load by sewage diversion. Jeppesen et 
al. (2005) reported that 10 to 15 years were typically required for water column P 
levels to respond to reductions in total phosphorus loading, based on results 
obtained from 35 case studies of lake re-oligotrophication. 
The continual release of P from sediments, referred to as internal 
loading, has been often suggested as the major cause of delayed recovery of 
aquatic systems to external load reductions (Carvalho et al., 1995; Scheffer et al., 
2001). During periods of high external P loading, the majority of P inputs that 
have not left the wetlands or lakes through outflow are retained by bottom 
sediments (Graneli, 1999), mainly in the forms of redox-sensitive P and labile 
organic P (Sondergaard et al, 2003). This accumulated sediment-bound P, upon a 
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reduction in external P load, can be released back into the water column at a level 
comparable to that of external loading or even exceeding it to buffer P changes in 
the ecosystem (Premazzi & Proviiii, 1985). Knowledge regarding the conditions 
under which sediments will act as a P sink or source is useful for optimizing the 
removal of P by wetlands. 
Internal P loading can contribute greatly to the persistent eutrophic state 
of water bodies. The recovery period of nutrient-loaded wetlands after a decrease 
in external P supply is highly determined by the sediment recycling rate of P, 
which in turn is dependent on the flushing rate, loading history, and chemical 
characteristics of sediments (Sondergaard et aL, 2001). Until the sediment P 
reserves are depleted, the reduction of external P inputs is deemed to be an 
ineffective measure to alleviate eutrophication (Marsden, 1989). Therefore, as 
suggested by Reddy et al (1999a), the sediment P pools should be identified and 
characterized to enable a more accurate prediction of the effects of altered 
external loading on water column P concentrations. 
1.2.3 Wetlands in Ecological Mitigation 
Coastal wetlands are some of the last remaining semi-natural areas in 
coastal cities (Grayson et al., 1999). However, with increasing developmental 
pressure, an appreciable number of these wetlands has been degraded and 
destructed by various anthropogenic disturbances, e.g. dredging and filling 
activities (Gopal, 2003). Wetland mitigation, more specifically compensatory 
mitigation, aims to offset the loss of wetlands through wetland creation, 
restoration or enhancement (Kentula, 2000). It is hoped that through mitigation, 
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wetland destruction can be ultimately reversed with the re-establishment of 
natural hydrological, geochemical and ecological processes that are often 
associated with wetland functions (Simenstad & Thom，1996). Yet, many of the 
mitigation wetlands do not function well and are more like "smoke and mirrors 
than a panacea" (Roberts, 1993). With the success not being measured nor 
guaranteed, wetland mitigation may indeed promote more destruction of wetlands 
without compensation, acting as a universal escape valve for pressures in 
protecting the natural, undisturbed wetlands (Grayson et aL, 1999; Lewis, 2001). 
Mitigation works traditionally focus on the establishment of structural 
attributes, e.g. vegetation, which however does not necessarily lead to the desired 
functions in the long run (Simenstad & Thom, 1996). It is high time to go beyond 
the existing approach of mimicking the structural components of natural wetlands 
and look further into their ecological functions. Functional success of mitigation 
projects is achieved on the grounds that the ecological functions are restored and 
the wetlands are biologically viable and sustainable (Kentula, 2000). Functional 
equivalency can be determined by pair-wise comparison between a mitigation 
wetland and a reference natural wetland (Simenstad & Thom, 1996), yet there are 
at present only sporadic attempts in comparing the functions performed by the 
two types of wetlands. Havens et al (1995) reported that surface (top 2 cm) 
sediment organic carbon, high marsh stem density and zone surface utilization as 
well as benthic infauna abundance and community structure in the 5-year-old 
Virginia constructed tidal marsh were not significantly different from those in the 
adjacent natural marshes, whilst a 4-year-old constructed marsh in San Diego Bay 
had only one-third to half the number of epibenthic invertebrates in the nearby 
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natural marsh, owing to coarser sediment, lower organic matter and lower degree 
of plant colonization (Scatolini & Zedler，1996). The interactions of soil, surface 
water and groundwater have been identified as a key knowledge gap in wetland 
restoration and mitigation (Roberts, 1993). Hogan et al. (2004) have recently 
investigated the P sorption behaviour in restored and natural freshwater wetlands 
in Maryland and Aldous et al. (2005) have shed light on P flux in restored and 
undisturbed Oregon wetlands. Nevertheless, there is still a lack of comprehensive 
and comparative studies on P retention and release by sediments in natural and 
constructed wetlands in different parts of the world to improving the practice of 
wetland mitigation. 
1.2.4 Previous Studies of Wetland Pollution in Hong Kong 
The Mai Po and Inner Deep Bay area, being the sole Ramsar site and 
the largest remaining wetland in the territory, has received considerable attention 
from scientists, conservationists, government and the general public. Having 
received discharge of domestic, agricultural and industrial sewage, the Mai Po 
Marshes has experienced severe degradation in water quality which is well 
documented in the literature (Chiu, 1992; Lau & Chu, 1999a; Wong et al., 1992). 
Contamination of wetland sediments in Hong Kong has also been reported in 
terms of the levels of heavy metals (Liang & Wong, 2003; Tarn & Wong, 1995a, 
2000), polycyclic aromatic hydrocarbons (Tarn et al., 2001) and persistent organic 
pollutants (Zheng et al., 2000). In addition, numerous studies have investigated 
the spatial and temporal variations of soil nutrient contents in wetland ecosystems 
of Hong Kong (Lau, 2000; Lau & Chu，2000; Tarn & Wong，1998). 
6 ‘ 
Apart from measuring the total amount of contaminants in sediment and 
overlying water of wetlands, several studies determined the retention of nutrients 
and heavy metals by means of column leaching experiments (Tarn & Wong，1994， 
1996) or simulations in a tide-tank system (Chu et al, 2000) or pot-cultivation 
system (Ye et al., 2001), using sediment samples collected from the Hong Kong 
mangroves. However, findings from these researches did not address the pollutant 
removal mechanisms and thus failed to account for differences in treatment 
performance between wetlands. Lau and Chu (1999b) examined the effects of 
temperature, salinity and drying on nutrient release by Mai Po sediments by 
1-hour extraction with synthetic seawater, but not site water to simulate the 
overall exchange of nutrients in the wetland sediment-water column over a 
hydraulic retention cycle. While P sorption and P flux in Hong Kong marine 
sediments have been investigated by Chau (2002) and Stirling and Womiald 
(1977) respectively, no similar attempts have been made on sediments in the local 
wetlands. Moreover, there are no existing data available regarding the distribution 
of P fractions in wetland sediments of Hong Kong, in contrast to the fractionation 
of heavy metals which was studied by Zhou et al. (1998) on the Mai Po fishpond 
sediments. 
Many coastal wetlands in Hong Kong are under threat from 
developmental pressures for urban and economic growth. Wetland mitigation is 
becoming increasingly popular locally as an option to accommodate the needs of 
infrastructural development while not further losing the valuable wetland habitats. 
Numerous constructed wetlands have been set up recently in the northwestern part 
of Hong Kong to compensate for wetland loss and polish the effluents discharged 
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from treatment plants (Cha, 2004). The ecological assessments of constructed 
wetlands in Hong Kong have been presented by Chu (2004) and Kwok (2004). 
Yet, there is currently limited information on the role of constructed wetlands and 
the processes involved in water quality improvement in a local context, which is 
important for a sustainable management of wetlands. 
1.3 CONCEPTUAL FRAMEWORK 
Sediment-water interactions are important in the overall cycling of 
phosphate in shallow water systems (van Raaphorst & Kloosterhuis, 1994). Many 
micro- and macro-processes together contribute to the overall transformation and 
exchange of P between sediments and overlying water. Knowledge of the 
processes behind P retention and release is required to better understand the water 
quality functions of these aquatic systems (Sondergaard et al, 2003). Figure 1.1 
shows a conceptual model of phosphorus dynamics in aquatic sediments 
developed by Wang et al. (2003), which summarizes the various key transport and 
mobilization mechanisms of P. 
As Figure 1.1 indicates, three major compartments are involved in the 
sediment-water exchange of P, namely the sediment particles, porewater and 
overlying water. Two main processes are responsible for regulating P release to 
the water column: (1) sorption/desorption reactions between the sediment and 
porewater, and (2) diffusive and convective movement of P between porewater 
and overlying water column (Clark & Reddy，2002). Sediments can retain and 
release P by adsorbing P from and desorbing P to the porewater respectively. 
Through regulating porewater P levels, sorption processes further exert indirect 
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influence on the overlying water P levels through diffusive P flux (Richardson & 
Vaithiyanathan, 1995). The transport of dissolved P between porewater and 
overlying water can occur in various ways, with diffusion as the dominant 
mechanism given the steep P concentration gradient between porewater and 
overlying water (Wetzel, 1999). Moreover, the remobilization of phosphorus from 
sediments is governed by its speciation (Selig & Schlungbaum, 2003). The study 
of sediment P fractionation is essential in water quality management since 
different inorganic and organic P fractions have different mobility and 
bioavailability, and are susceptible to different jmobilization mechanisms as 
exemplified in Figure 1.1. 
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Figure 1.1 A conceptual model of phosphorus dynamics in aquatic sediments 
(Adapted from Wang et al., 2003) 
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The P adsorption capacity of sediments is strongly influenced by the 
amounts of Fe, Al, Ca and metal-bound organic compounds present (Nichols, 
1983)，as well as the pH and salinity of overlying water (Sundareshwar & Morris， 
1999). On the other hand, Petterson (1998) suggests that the exchange of P 
between sediment and overlying water is controlled partly by the composition, 
prehistory and binding capacity of sediments. The direction of P flux across the 
sediment-water interface is further regulated by the P concentration gradient 
across the interface, pH and P concentration of overlying water, sorption by the 
sediment, uptake by biota, physico-chemical properties of sediments, etc. (Reddy 
et al., 1995). It is obvious that relationships between P retention/release behaviour 
and characteristics of sediments and overlying water have to be established to 
provide a basis for scientific management of wetlands. 
Figure 1.2 summarizes the conceptual framework of this study. The size 
of various P pools and the rates of transformation and transport from one 
compartment to another are the major areas of interest in the study of 
sediment-water interactions (Lijklema, 1993). Sediment P fractions, P sorption by 
sediments and P flux across the sediment-water interface are determined in this 
research to give a more comprehensive picture on the P retention and release 
characteristics of wetland sediments in Hong Kong as compared to an 
input-output study. The effects of some selected physico-chemical properties of 
sediment and overlying water on sediment P dynamics in Hong Kong wetlands 
are also investigated. It should be noted that this study only focuses on the 
retention and transformation of dissolved phosphate, or orthophosphate, but not 
the fate of particulate form of P. 
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Figure 1.2 Conceptual framework of this study 
Further, this research only considers a few selected key mechanisms 
involved in the complex and dynamic cycling of P in wetland sediments, whilst 
some other processes that may as well contribute to sediment P retention and 
release, e.g. biotic uptake, decomposition, deposition and burial, are not examined. 
Indeed, periphyton community is an effective short-term P sink, responding more 
rapidly to increased P inputs relative to other wetland components (Noe et al.’ 
2002). In the Everglades slough enclosures, periphyton P increased by ten folds 
whereas soil P showed no appreciable increase after four months of P dosing at a 
rate of 0.25 g m"^  wk'^ (McCormick & Scinto，1999). Rapid removal of P is also 
demonstrated by the microorganisms, which immobilized 2.8 to 13.8 kg P ha'^ in 
the Finland constructed wetland buffer accounting for 25% of the P added during 
the first year of P enrichment (Silvan et al.’ 2003). Yet, the microbial P pool is 
easily saturated because of its relatively small size and on the significant 
reduction of its P retention capacity after the initial period of P addition 
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(Richardson & Marshall，1986). On the other hand, sediment accretion contributes 
to considerable storage of P in wetlands in the long run. Reddy et al. (1993) 
reported a vertical peat accretion rate of up to 1.1 cm yr'^  near the inflow of the 
Florida Everglades, corresponding to a long-term P accumulation rate of as high 
as 1.14 g P m-2 yf i in the cattail-dominated areas. 
1.4 OBJECTIVES OF THE STUDY 
While numerous studies have highlighted the potential ability of 
wetland sediments in Hong Kong in retaining water-borne P (e.g. Tarn & Wong， 
1994, 1996)，to date there is a paucity of information on the processes involved in 
the cycling of P in these sediments. In addition, no attempts have been made to 
fractionate the sediment P pools in wetlands of Hong Kong. The broad aim of this 
research is to characterize the retention and release of phosphorus by wetland 
sediments in Hong Kong. Specifically, the objectives of this study are five-fold: 
1) To quantify the distribution of phosphorus fractions in wetland 
sediments of Hong Kong; 
2) To determine the phosphorus sorption parameters of wetland sediments 
in Hong Kong; 
3) To investigate the direction and magnitude of and seasonal variations in 
phosphorus flux across the sediment-water interface of Hong Kong 
wetlands; 
4) To elucidate the influence of selected physico-chemical properties of 
sediment and overlying water on phosphorus retention and release by 
wetland sediments; and 
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5) To compare the phosphorus retention and release characteristics of 
sediments between natural and constructed wetlands in Hong Kong. 
1.5 SIGNIFICANCE OF STUDY 
Previous studies often investigated the removal of P by wetlands using 
an input-output approach that simply treats wetland as a black box (Moustafa et 
al., 1996). While wetland sediments are potentially long-term P sinks, their 
influence on water quality is less extensively studied in comparison to lake or 
marine sediments (Fisher & Reddy, 2001). This study sheds light on the 
phosphorus retention and release characteristics of wetland sediments in Hong 
Kong, which unravels some of the complex processes occurred in the wetland 
"black box" and assists the formulation of wetland management plans in water 
quality control that best fits the local context. 
Moreover, results obtained in this study can improve our understanding 
of geochemical processes involved in P exchange and help better predict the 
long-term sustainability of P removal (Sakadevan & Bavor, 1998)，regulate 
nutrient retention as well as evaluate treatment efficiencies in wetlands (Reddy & 
D'Angelo, 1997). In addition, the process-level data gathered and the effects of 
environmental factors on P retention examined in this research are very useful in 
the modelling of P removal by wetlands by providing valuable baseline 
information about the key model parameters (Sondergaard et al., 2003). 
Furthermore, this study provides valuable insights into the ability of 
constructed wetland sediments in purifying P-laden water, where such research is 
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currently lacking in Hong Kong. Findings of this study can help optimize the 
future design of constructed wetlands in maximizing P removal, as well as 
demonstrate the degree to which constructed wetlands perform water quality 
functions similar to that of natural wetlands. As D'Angelo (2005) suggests, the 
data on P exchange by constructed wetland sediments can form a basis for the 
identification of appropriate mitigation sites and mitigation ratios in ensuring the 
protection of water quality and wetland habitat in later mitigation projects. 
1.6 ORGANIZATION OF THE THESIS 
This thesis is structured into seven chapters. Chapter 1 gives a brief 
introduction of the study background, conceptual framework and objectives of 
study. Chapter 2 reviews the existing literature pertinent to the study of 
phosphorus dynamics in wetland sediments to give a solid foundation to this 
research. Chapter 3 presents the study areas of and the methodology applied in 
this research, including the sampling strategy and laboratory analysis. Chapter 4 
describes the general characteristics of sediments and overlying water in wetlands 
as well as results of the sediment P fractionation study. Chapter 5 examines the P 
sorption characteristics of wetland sediments in Hong Kong, followed by an 
investigation of the effects of pH, salinity and temperature on P sorption. Chapter 
6 discusses the results of phosphorus flux across the sediment-water interface of 
wetlands, with special consideration to the effects of redox potential and 
seasonality. Chapter 7 concludes this study by summarizing the key research 
findings. Also, limitations of the study are briefly discussed and suggestions 
further made for future research. 




In recorded history, wetlands were generally regarded as wastelands 
with little value to men (Patrick, 1994), being often associated with diseases like 
malaria (Maltby, 1988) and unwanted organisms like mosquitoes and leeches 
(Bush, 2003). This unfavourable perception has greatly promoted the drainage 
and destruction of wetlands in the United States (Mitsch & Gosselink, 2000) and 
Hong Kong (Ng, 2002) over the last century for agricultural and urban 
developments. It is only in the last two decades that multiple functions and values 
of wetlands have started to be recognized worldwide by scientists, wetland 
managers and the general public (Brix，1994). 
Wetlands are characterized by four ecosystem functions, namely the 
hydrologic, biogeochemical, plant community maintenance and animal 
maintenance functions (Brinson & Rheinhardt, 1996). Among the above, 
biogeochemical function is particularly important for the sustainable management 
of water and other wetland resources (Pezeshki et al, 2003). Wetlands are shown 
to be capable of removing water-borne nutrients (Mitsch et al., 2000), retaining 
clay particles (Braskerud, 2003), sequestering organic carbon (Brevik & Homburg, 
2004) and acting as a long-term sink of greenhouse gases (Brix et al, 2001), 
which altogether have significant implications to water quality enhancement and 
global warming mitigation. 
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Whilst wetland is an integral component of the global and estuarine 
biogeochemical cycles of nutrients, the nature and significance of its role in 
nutrient transformations are still highly controversial among scientists 
(Masscheleyn et al., 1992). Depending on the wetland types, hydrologic 
conditions, seasons, and the length of time the wetland has been subjected to 
nutrient loadings, wetlands can act as a source, sink, or transformer of nutrients, 
including phosphorus (Mitsch & Gooselink，2000; Richardson & Craft, 1993). 
However, as pointed out by Breen (1990)，many studies on wetland nutrient 
removal only focus on input-output analyses without identifying the key 
components and mechanisms involved in determining treatment performance. 
Sediment is a dynamic component which influences P metabolism in wetlands via 
two ways: (1) retaining P which decreases its bioavailability in overlying water, 
and (2) remobilizing and releasing P into the water column following a change in 
the external environment (Pettersson, 1998). This chapter reviews the existing 
literature on numerous aspects pertinent to this study, including the approaches to 
quantifying P retention in wetlands, the key processes of P retention and release 
by sediments as well as the effects of environmental factors on sediment-water P 
exchange. 
2.2 QUANTIFICATION OF PHOSPHORUS RETENTION IN 
WETLANDS 
2.2.1 Input-output Concentration Approach 
Simple input-output analysis is commonly conducted for assessing the 
extent of phosphorus removal by wetlands (Richardson, 1999). In this approach, 
nutrient inputs and outputs are expressed in terms of concentration instead of 
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mass. The difference between phosphorus concentrations in the water inflow and 
outflow gives a crude estimation of phosphorus retention in wetlands. 
Numerous studies have reported a reduction in P concentration in water 
leaving the wetland compared to that entering it. For example, total phosphorus 
(TP) concentrations in the effluents of two German horizontal flow constructed 
wetlands (0.5-0.7 mg L"') were found to be significantly lower than those in the 
influents (12-15.5 mg l / ) (Luederitz et al., 2001), while a reduction of soluble 
reactive P from 40-62 |ig L'^  in inflow to 3-12 |ig L"' in outflow was recorded in 
two Illinois constructed riparian marshes under low-flow conditions (Mitsch et aL, 
1995). These results indicate the ability of wetlands in removing a substantial 
proportion of P from the water column under both high and low P loadings. 
Determination of concentration-based P removal efficiency is preferred 
by many since it requires relatively little effort in measurements and calculations. 
Yet, this approach suffers from a major limitation of underestimating the actual 
nutrient removal owing to its simplicity. In a study conducted by Moustafa et al. 
(1996) in the Florida freshwater wetland, removal efficiencies of TP calculated 
based on surface water concentration reductions were found to under-represent 
mass reductions by as much as 50% (Fig. 2.1). Similar studies also reported a 
lower percentage of P concentration reduction than mass reduction (Breen, 1997; 
Greenway & Woolley, 1999; Luederitz et al, 2001). This can be explained by the 
fact that P removal efficiency derived from concentration calculations does not 
take into account the effects of pollutant concentration caused by 
evapotranspiration in wetlands (Kadlec & Knight，1996). 
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Figure 2.1 Scattergram of removal efficiency of total phosphorus in Boney 
Marsh based on concentration reductions and mass reductions 
(Source: Moustafa et al, 1996) 
2.2.2 Mass Balance Approach 
Mass balance model is another approach widely used in quantifying 
nutrient retention in wetlands. It is based on the theory of mass conservation 
which states that anything entering the system must be accounted for in the output 
and internal system combined (Prescott & Tsanis, 1997). The difference between 
mass flow of nutrients into and out of wetlands equals the amount of nutrients 
retained in the wetland system (Howard-Williams, 1985). 
A typical phosphorus budget developed on mass balance can be 
summarized by equation (2.1) below (Sutula et al., 2001): 
Pcwi-Gwo + Pswi + Pp — Pswo 土 PAS = PRES (2.1) 
where Powi-cwo is the difference 
in P mass flow between groundwater 
input and output, Pswi and Pswo are P mass flow in surface water inflow and 
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outflow respectively, Pp is the input of P mass from wet and dry deposition, PAS is 
the change in P storage, and PRES is the residual term of the P budget. 
Quantification of both water budget and mass budget is essential for 
evaluating the nutrient removal capacity of wetlands using the mass balance 
approach, since nutrient flow is closely linked to water movements (Meuleman et 
al., 2003; Smith et al, 1999). This is illustrated in equation (2.1), where the mass 
flow of P (g s.i) in each element is determined as the product of nutrient 
concentration (g m ’ and water discharge (m^ s.�(Howard-Williams, 1985). With 
due consideration given to nutrients flows in all hydrologic pathways, calculation 
based on mass flow has an edge over the concentration-based approach and can 
more truly represent P removal efficiency in wetlands as the contribution of P 
inputs through rainfall and effects of varying discharge on the amount of P 
transported are taken into account (Moustafa et al., 1996). 
2.2.3 Phosphorus Removal Efficiency 
Phosphorus removal efficiency reported in the literature varies greatly 
between wetlands. The removal efficiencies of TP as determined by concentration 
reduction were found to reach nearly 96% in the German constructed wetlands 
(Luederitz et al., 2001), 81% in continuously flooded Everglades stormwater 
treatment wetlands (White et al., 2004), and down to 45% in Czech subsurface 
flow constructed wetlands (Vymazal, 2004). On the other hand, long term 
reductions of soluble P ranging from -48 to 13% were recorded in the Queensland 
pilot constructed wetlands, suggesting the possible role of wetlands as a P source 
(Greenway & Woolley，1999). 
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As shown above, the input-output approach based on changes in 
concentration or mass in wetlands enables the establishment of a wide range of P 
removal efficiencies and thus is helpful for evaluating the overall functioning of 
wetland ecosystems (Reddy et al., 1999b). However, given the highly variable 
treatment efficiency across wetlands, it is difficult to tell why and how such 
discrepancies exist based on an input-output calculation that treats wetland 
merely as a "black box" (Richardson, 1999). This approach also fails to explain 
the phenomenon of reduced P removal e伍ciency or even nutrient export over the 
long term in some of the wetlands (Johnston, 1993). In view of these constraints, 
a need has arisen for a better understanding of the various P exchange 
mechanisms for optimizing the water quality function of wetlands. 
The three major components of wetlands, namely water, soil and biota, 
interact with each other and together contribute to the regulation of P levels in 
the overlying water. While uptake by plants, periphyton and microbes gives rise 
to an initial rapid removal of P, the soil compartment represents a dominant P 
sink in wetlands in the long run (Sakadevan & Bavor, 1998). Sediment adsorption 
of P, as a key long-term P storage mechanism in wetlands (Richardson, 1999), is 
one of the focuses of this study and will be discussed in greater details in the 
following section. 
2.3 PHOSPHORUS SORPTION BY WETLAND SEDIMENTS 
2.3.1 Sorption and Its Significance 
Sorption is strictly a generic term that includes adsorption, surface 
precipitation, co-precipitation and diffusion, with the exact retention mechanisms 
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not being known (Scheidegger & Sparks，1996). It generally involves a physically 
or chemically mediated removal of solute from solution by concentration in a 
solid phase (Baldwin et al., 2002). As suggested by Jacobsen (1978), the total 
sorption of phosphate by sediments is contributed by two main processes: 
adsorption which is easily reversible, and chemosorption which is only slightly 
reversible. Adsorption involves the fixing of soluble P physically on sediment 
surface in dynamic equilibrium with solute concentrations, whilst chemosorption 
is a chemical immobilization of soluble P that is unaffected by solute 
concentrations (Sondergaard et al., 2001). Ryden et al. (1977) suggested that 
physical and chemical adsorption of P tend to predominate at equilibrium 
solution P concentrations higher and lower than 1 mg P L"' respectively. 
Through exchanging P between soil particles and interstitial water, 
sorption processes play an important role in P retention. Adsorption-desorption 
reactions can alter P concentrations in the overlying water indirectly through 
regulating porewater P concentrations (Richardson & Vaithiyanathan，1995). 
Moreover, the in situ sorption of dissolved P from porewater to mineral particles 
or organic aggregates in sediments is held responsible for controlling partly the 
bioavailability of P (Sundareshwar & Morris, 1999). Furthermore, soil adsorption 
was shown to dominate P storage and movement in the Michigan peatland after 
saturation of all biotic components under continued P loading (Richardson & 
Marshall, 1986). Given the significance of sorption reactions as discussed above, 
characterization of sediment P sorption characteristics is deemed necessary for 
maximizing the P removal potential of wetlands. 
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2.3.2 Phosphorus Sorption Maxima 
Although long-term storage of P can be achieved to some extent by soil 
adsorption, such retention is not without bounds. The uptake rate and magnitude 
of P sorption is finite and limited (Richardson & Craft, 1993)，as soil sorption 
sites could become saturated upon prolonged nutrient loading (Meuleman et al., 
2003). Numerous studies have estimated the maximum amount of P sorption by 
wetland sediments by conducting batch incubations with a range of solution P 
concentrations high enough to saturate all sorption sites and then fitting the 
sorption data obtained into the Langmuir adsorption isotherm (e.g. Pant & Reddy, 
2001; Sakadevan & Bavor, 1998). Originally developed to describe gas adsorption 
on a clean solid, the Langmuir equation has been adapted to depict adsorption 
of P onto sediment surfaces (Veith & Sposito，1977; Del Bubba et al., 2003). 
The Langmuir sorption maxima (Smax), as an indicator of the greatest 
capacity of substrates to adsorb P, have been found to vary considerably between 
sediments. Phosphorus sorption maxima ranging from 26 to 500 mg kg'^ were 
obtained in sediments of the Yangtze tidal flats and Indian River lagoon (Liu et 
al, 2002; Pant & Reddy, 2001), while sediments in the Richmond and Florida 
constructed wetlands had Langmuir Smax in the range of 196-281 mg kg'' (Gale et 
al,, 1994) and 1153-5208 mg kg"^  respectively (Sakadevan & Bavor, 1998). 
However, there is currently a lack of information regarding the maximum P 
sorption capacity of sediments in the hypereutrophic Mai Po Marshes and newly 
constructed Hong Kong Wetland Park, which can shed light on the sustainability 
of P adsorption processes. 
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2.3.3 Adsorption-desorption Equilibrium 
A higher maximum sorption capacity does not necessarily assure a 
lower P concentration in the solution, since a net adsorption of P onto the 
sediment surfaces must first occur in order to take advantage of the availability of 
sorption sites (Pant et al, 2001). Wetland sediments can function as a phosphate 
buffer in regulating solution P concentrations by adsorbing P from or desorbing P 
into the porewater depending on the physico-chemical properties of sediments and 
water (Nichols, 1983). As sediment sorption sites approach saturation, the 
desorption potential of P increases with a corresponding decline in adsorption 
potential (Reddy et al., 1999b). As such, it is essential to determine the conditions 
under which adsorption or desorption of P by wetland sediments takes place. 
Zero equilibrium phosphorus concentration (EPCQ), determined as the 
；c-intercept on the graph of P sorption amount against initial or final solution P 
concentrations, represents the aqueous P concentration at which no net adsorption 
or desorption of P occurs (Bridgham et al, 2001). When solution P concentration 
is greater than EPCo value, a net adsorption of P by sediments occurs, and vice 
versa (Zhou et aL, 2005). Moreover, Richardson and Vaithiyanathan (1995) 
reported a linear decrease of EPCo value from 6.64 to 0.04 mg L"' with increasing 
distance from the nutrient inflows of Everglades peatlands, thus suggesting the 
potential use of EPCo values as a relative measure of the degree of phosphorus 
enrichment in sediments. Meanwhile, there is a paucity of studies that have 
investigated P sorption behaviour at both high and low P concentrations to 
elucidate the P sorption maxima and EPCo values of wetland sediments 
concurrently (Bridgham et al., 2001). 
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2.3.4 Phosphorus Sorption Kinetics 
Sorption can be seen as a biphasic reaction, with an initial rapid phase 
of sorption lasting for minutes to hours followed by a slow sorption phase lasting 
on the order of weeks or months. The rapid phase of P sorption corresponds to the 
ion exchange and ligand exchange mechanisms, whereas the slow phase mainly 
involves the diffusion and precipitation mechanisms (Rhue & Harris, 1999). 
Sorption kinetics can potentially affect the amount of P adsorbed by wetland 
sediments, as the attainment of equilibrium conditions may be hindered by the 
short duration of contact between sediments and overlying water (Lopez et al., 
1996). While previous studies have examined the P sorption kinetics of sediments 
in tropical reservoir (Appan & Wang, 2000), coastal lagoons (Lopez et al., 1996) 
and eutrophic lake (Zhou et al., 2005), the kinetic process of P adsorption by 
wetland sediments warrants further investigation. 
2.4 PHOSPHORUS EXCHANGE ACROSS THE SEDIMENT-WATER 
INTERFACE 
The sediment-water interface sets apart a mixture of solid sediment and 
porewater from an overlying water column (Lerman, 1978). This is the place 
where the greatest gradients in physical, chemical and biological properties are 
found and coupling between geochemical cycles of various elements primarily 
takes place (Santschi et al., 1990). Sediment-water interactions are important in 
the overall cycling of P especially in shallow lakes and wetlands (van Raaphorst 
& Kloosterhuis, 1994), where there is strong wind and wave actions, a lack of 
thermal stratification (Crisman et al., 2005), and a high ratio of sediment surface 
area to water volume (Sondergaard et al., 2001). 
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2.4.1 Phosphorus Mobilization and Transport Mechanisms 
Given that sediment P pool is over a hundred times larger than P pool in 
the overlying water, water column P concentrations are readily affected by 
sediment-water interactions (Sondergaard et al., 2003). For phosphorus to leave 
the sediment in dissolved form, particulate-bound P must first be mobilized by 
various mechanisms into the interstitial water and then the dissolved phosphate be 
further transported to the overlying water column (Bostrom et al, 1982; 
Pettersson, 1998). Phosphorus in porewater, or interstitial water, thus serves as a 
key and direct link to the sediment-water phase boundary and the water phase 
above (Sondergaard et al, 2001). The key phosphorus mobilization and transport 
mechanisms in wetland sediments are shown in Figure 2.2 below. 
I 1 
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Particulate Phosphorus 
Figure 2.2 Mechanisms involved in the mobilization and transport of P in 
wetland sediments (Modified from Wetzel, 1999) 
Phosphorus can be mobilized from the sediment particles to interstitial 
water via four major mechanisms, namely desorption, dissolution of precipitates 
and complexes, ligand exchange and enzymatic hydrolysis (Bostrom et al, 1982). 
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The first three are physico-chemical mechanisms which are largely affected by pH, 
redox potential, temperature and other environmental factors (Bostrom et al., 
1988). Enzymatic hydrolysis of organic ester bonds in P compounds, on the other 
hand, is biochemical in nature. 
Transport of dissolved P from interstitial water to the overlying water is 
made possible by numerous processes, including diffusion, sediment resuspension, 
bioturbation and gas ebullition (Bostrom et al, 1982; Lijklema, 1993). Molecular 
diffusion has been regarded as the dominant process governing P transport across 
the sediment-water interface, given the existence of a steep P concentration 
gradient between porewater and water column (Lavery et al., 2001). Strong wind 
currents in shallow wetlands can lead to scouring and resuspension of 
unconsolidated sediments, where porewater is mixed with the overlying water for 
direct P exchange (Reddy et al, 1996a). Moreover, bioturbation by benthic 
organisms can enhance the sediment-water exchange of nutrients by disturbing 
the chemical barrier in surface sediments (Bostrom et al, 1988). Furthermore, in 
highly methanogenic and ebullitive sediments, the flux of solutes has been shown 
to increase with the volumetric rate of bubble release (Klein, 2006). All these P 
mobilization and transport mechanisms contribute to a different extent to the 
overall P exchange across the sediment-water interface, yet it is beyond the scope 
of this study to quantify the impact of these processes individually. 
2.4.2 Phosphorus Flux From Aquatic Sediments 
The net sediment-water flux of phosphorus in aquatic systems is 
essentially the difference between downward flux of particulate P and upward 
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flux of dissolved P (Sondergaard et al., 2001). The flux of particulate bound P is 
generally downward from water column to sediment due to the accretion of 
particulate material, whilst the flux of dissolved P is predominantly upward from 
sediment to overlying water owing to the steep P concentration gradient present 
(Reddy et al, 1999a). This section will concentrate on discussing the sediment 
fluxes of dissolved inorganic P only as it is the focus of this research. 
Quantification of P fluxes between sediments and overlying water can 
help assess the relative importance of reducing internal and external loadings of P 
to the wetland ecosystems in ameliorating water quality (Fisher & Reddy, 2001). 
Three common approaches are used to determine the direction and magnitude of 
P fluxes across the sediment-water interface, including: (1) estimation of diffusive 
fluxes based on concentration gradient profile, (2) laboratory or in situ 
confinement of sediments in cores or chambers, and (3) mass balance at the 
whole-system level (Carignan & Lean, 1991). Since molecular diffusion is a 
primary transport mechanism, the flux of nutrients is often predicted by the use of 
Pick's First Law of Diffusion as stated below in equation (2.2): 
'XT' 
F =-州 ^ (2.2) 
where 0 is the sediment porosity (m^ m'^), D is the diffusion coefficient 
(m2 s''), C is the chemical concentration (kg m'^), and Z is the sediment depth (m). 
According to Pick's First Law, the magnitude of P flux is directly 
proportional to the concentration gradient at the sediment-water interface. 
However, Lavery et al (2001) found only weak agreement between diffusive P 
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fluxes predicted by Pick's First Law and observed oxic fluxes of P from 
estuarine sediments, which suggested the dominance of some non-physical 
processes in governing P exchange under certain circumstances. Many studies 
have conducted laboratory incubations of sediment cores collected on site in 
determining the rate of P flux (e.g. Haggard et al, 2005; Malecki et al., 2004). 
Although this approach over-simplifies the natural environment without taking 
into account factors like hydrodynamics (Premazzi & Provini，1985), it has an 
advantage in P flux estimation in considering the collective effects of diffusion 
and other complex processes occurring at the sediment-water interface (Reddy et 
al., 1999b). Meanwhile, it should be noted that no single approach is perfect and 
error-free for quantifying sediment P fluxes and selection of appropriate methods 
should be made on a case-by-case basis. 
Phosphorus flux across the sediment-water interface is one of the 
abiotic processes regulating P removal in wetlands (Reddy & D'Angelo, 1997). 
Moore et al. (1998) reported an average P flux of-0.44 mg P m"^  d"^  at the inflow 
site of Fisheating Creek in Lake Okeechobee, indicating a net flux of P from 
water column into the sediments. On the other hand, sediment P flux can also 
contribute to the persistent eutrophic conditions in a water body (Malecki et al., 
2004). For instance, an average P flux of 2.71 mg P m"^  d . � w a s obtained from 
incubation of Lake Apopka sediment cores, which were equivalent to an annual 
increase of 0.5 mg P L'' in lake water P levels (Moore et al., 1991). As shown 
above, aquatic sediments can function either as a sink or source for P to the 
overlying water column. However, there are at present only few studies 
investigating the dynamics of sediment-water P exchange in wetlands as 
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compared to lakes and oceans (Fisher & Reddy, 2001). 
Strongly coupled to temperature and biological activities, sediment P 
fluxes often exhibit a distinct seasonal pattern (Moore et al” 1998; Sondergaard et 
al, 2001). Malecki et al (2004) obtained a significantly higher anaerobic initial P 
flux from sediments in the St. Johns River Estuary in June than in October and 
March, owing to greater microbial activity arising from the presence of abundant 
mineralizable organic matter. Penn et al (2000) also observed a peak of sediment 
P release in the Onondaga Lake in late spring at the onset of anoxia that could be 
attributed to the breakdown of oxic surface microlayer and subsequent release of 
iron-bound P. There is a need for a greater understanding of the seasonal 
variations in P flux across the sediment-water interface of wetlands in Hong Kong 
for improving the prediction and management of water quality. 
2.5 PHOSPHORUS FRACTIONATION IN WETLAND SEDIMENTS 
2.5.1 Major Sediment Phosphorus Fractions 
Even under similar environmental conditions, the P exchange pattern 
can vary significantly between sediments which cannot be explained by a mere 
determination of total sediment P content (Bostrom et al, 1982; Coelho et al, 
2004). Differences in P retention and release behaviour of wetland sediments can 
indeed be reflected by the phosphorus composition in sediments (Bostrom et al., 
1988). Sedimentary phosphorus can exist in various chemical speciations, which 
have marked difference in terms of their mobility and bioavailability (Wang et al., 
2006). The study of sediment P fractionation is essential for evaluating the 
availability of P to benthic and aquatic biota and deepening the knowledge 
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regarding the overall P metabolism in wetland systems (Holtan et al, 1988). 
Total sediment P can be broadly separated into dissolved and particulate 
forms, which are further sub-divided into inorganic and organic components 
(Holtan et al, 1988). The relative size of each phosphorus pool is determined by 
the origin and nature of these materials (Reddy et al., 1999b). Sondergaard et al 
(2001) broadly categorized sediment phosphate into seven forms as follows: 
1. Dissolved phosphorus in interstitial water; 
2. Loosely sorbed phosphate on clay particles; 
3. Iron-bound phosphate, including P adsorbed on iron hydroxides 
and P-containing Fe-minerals (e.g. strengite, vivianite); 
4. Aluminium-bound phosphate, including P adsorbed on A1(0H)3 
and P-containing Al-minerals (e.g. variscite); 
5. Calcium-bound phosphate, including P adsorbed on calcite and 
P-containing Ca-minerals (e.g. hydroxyapatite, monetite); 
6. Labile organic phosphorus; and 
7. Refractory organic phosphorus. 
2.5.2 Phosphorus Fractionation Methods 
The magnitude of various P fractions in sediments is most commonly 
determined by sequential selective extraction methods, based on the principles of 
different reactivity of sediment components towards different extractants 
(Barbanti et al.’ 1994). Numerous P fractionation protocols have been developed 
over the years for extracting P compounds from a variety of aquatic sediments. 
Hieltjes and Lijklema (1980) proposed a now classical scheme of fractionating 
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loosely-bound, Fe-bound and Ca-bound inorganic P in calcareous sediments by 
the use of NH4CI, NaOH and HCl respectively. Some other fractionation schemes 
have also been put forward for differentiating P reservoirs in lake sediments 
(Williams et al., 1976) and marine sediments (Ruttenberg, 1992). 
In spite of the difference in procedures and/or extractants used, all the 
above protocols share one common feature: the P fractions identified are 
operationally defined. These operational extractions generate chemically poorly 
defined P fractions that fail to provide insights to the specific retention 
mechanisms involved (Bostrom et al” 1988; De Groot & Golterman, 1990). 
Moreover, the use of strong acids and alkalis in these extractions can lead to an 
overestimation of Ca-bound P and underestimation of Fe-bound P and organic P 
fractions (De Groot & Golterman, 1990). On the other hand, Mesnage et al. (2002) 
suggested the use of ^'P NMR for accurate identification of P forms, yet its 
reliability is limited in organic and sulfide-rich sediments due to strong 
interference. 
In light of the limitations of operational extraction, Golterman (1996) 
proposed an EDTA method that extracts sediment inorganic P with chelating 
agents. Being a functional extraction, it yields chemically well-defined P pools 
without altering other non-target P compounds by making use of the specific 
chemical nature of target P fraction (De Groot, 1990). In this approach, the 
chelators Ca-EDTA and Na2-EDTA are used to extract Fe-bound and Ca-bound P 
respectively which avoids the simultaneous hydrolysis of organic P associated 
with the application of strong acids and alkalis. Also, the extraction of Fe-bound P 
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is considered specific, since the attack of calcium salts in sediments by EDTA 
solution is minimized by complexing Ca ions with the extractant in advance 
(Golterman, 2004). 
The majority of studies in the literature reported sediment phosphorus 
fractionation results based on an operational extraction (e.g. Goedkoop & 
Pettersson, 2000; Mayer et al., 1999; Moore et al., 1998)，while few have used 
functional extraction since it requires complicated extractant preparation and 
often repeated extractions with long time duration (Ruban et al., 1999). The 
EDTA method has been employed for extracting various sediment P forms in 
temporary ponds (Serrano et al.’ 2003), fishponds (Kassila et al., 2000), freshwater 
marshes (De Groot & Fabre, 1993), coastal lagoons (de Vicente et al., 2003)， 
mangroves (Fabre et al, 1999) and constructed wetlands (Maine et al., 2005). 
More research on sediment P fractionation using functional extraction should be 
conducted over a wide range of wetlands, particularly in the Southeast Asian 
regions, to provide ecologically meaningful data on distribution of P fractions for 
understanding wetland P dynamics. 
2.5.3 Relationships Between Phosphorus Fractions and Bioavailability 
The remobilization and bioavailability of sediment P is highly governed 
by its speciation (Barbanti et al., 1994; Selig & Schlungbaum, 2003). In general, 
loosely sorbed P, Fe-bound P and labile organic P are considered to have higher 
mobility and can be readily released into the water column under favourable 
environmental conditions (Rydin, 2000; Sondergaard et al., 2001). As a 
redox-sensitive P fraction, Fe-bound P is subject to mobilization upon a reduction 
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in redox potential and subsequent dissolution of FeOOH particles (Reddy & 
D'Angelo, 1994). On the other hand, dissolution of Ca-bound P is promoted at a 
low pH that could be reached in summer with rapid mineralization of organic 
matter (Gomez et al., 1999). 
Golterman (2001a) suggested that the sum of iron-bound and 
calcium-bound P is roughly equal to the total quantity of sediment P available to 
algae. Fabre et al. (1996) found that iron-bound P extracted by chelator NTA was 
the best predictor of algal available P content in French riverine sediments, with a 
high value of 0.78 obtained from linear regression. Williams et al. (1980) also 
reported a strong correlation (r=0.99) between P uptake by algal cells and amount 
of non-apatite inorganic P (mostly Fe- and Al-bound P) in Great Lakes sediments, 
with 38-83% of this P fraction being assimilated by Scenedesmus quadricauda 
cells. Although a strong correlation does not necessarily indicate a causal 
relationship, it is likely that the release of these extractable P fractions is 
instrumental to biological growth in the aquatic ecosystem based on an 
understanding of sediment P chemistry. 
2.6 FACTORS AFFECTING SEDIMENT-WATER PHOSPHORUS 
EXCHANGE 
The retention and release of P by wetland sediments is governed by 
numerous exchange mechanisms, which are in turn influenced by various 
controlling factors, e.g. pH, redox potential, temperature, salinity and chemical 
composition of sediments. The effects of some of these key factors on 
sediment-water P exchange will be discussed below. 
3 3 ‘ 
2.6.1 pH 
Phosphorus exchange in wetland sediments is strongly influenced by 
floodwater pH，which may vary according to changes in biotic and microbial 
activities. Kleeberg and Schlungbaum (1993) obtained a positive relationship 
between pH and sediment P flux in the German Wamow River, which could be 
explained by increased desorption of P from Fe and Al-complexes in sediments 
under alkaline conditions. Andersen (1975) also reported a maximum net P 
release of 100 mg m'^ d'' from Danish eutrophic lake sediments at pH 9 to 9.5, 
likely as a result of enhanced P desorption from clay minerals. On the other hand, 
a drop in pH from 6.4 to 4.3 was found to have limited influence on P release 
from Canadian organic sediments (de Montigny & Prairie，1993). Besides 
sediment P flux, P sorption is also highly affected by pH variations. Within a pH 
range of 5.5 to 9, the rate of P adsorption by sediments in Taihu Lake was shown 
to decrease with pH, owing to increased repulsion between the negatively charged 
sediment surface and phosphate ions (Wang et al, 2005). In the East Anglian 
eutrophic reservoirs, the greatest sediment P adsorption was recorded at pH 5.6, 
with the amount of P sorbed decreased as pH moved further away from this value 
(Redshaw et al, 1990). 
2.6.2 Redox Potential 
There is no general consensus regarding the effects of redox potential 
on P flux from sediments. Numerous studies have shown a significantly higher P 
flux under anaerobic conditions (e.g. Eckert et al.’ 1997; Holdren & Armstrong, 
1980), which could be accounted for by microbial reduction of ferric-P 
compounds, anaerobic mineralization of organic matter, bacterial release of 
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polyphosphate and solubilization of apatite (Golterman, 2001b; Wetzel, 1999). 
Meanwhile, no appreciable difference in sediment P flux was detected in a 
Canada shield lake between oxic and anoxic conditions (de Montigny & Prairie, 
1993). Following a shift from anaerobic to aerobic state, Gunnars and Blomqvist 
(1997) observed a rapid drop in dissolved P levels in the water column with a 
concomitant rise in particulate P pool. The oxidized sediment surface layer 
developed under well oxygenated environment serves as an effective barrier 
against sediment P release into the water column (Sondergaard et al., 2001). 
2.6.3 Temperature 
Meteorological processes play a role in regulating water temperature 
and subsequently various microbial transformation processes in wetlands (Kadlec, 
1999). With all other factors being constant, the release of P by sediments 
increased rapidly with temperature as a result of enhanced bioturbation and 
microbial activity (Kadlec & Reddy，2001; Suplee & Cotner，2002). This 
temperature effect on P flux is shown to be most significant in calcareous 
sediments (Holdren & Armstrong, 1980). On the other hand, Jin et al. (2005) 
reported a positive relationship between the rate of P adsorption and temperature, 
thus implying the adsorption of P by sediments to be an endothermic process. 
However, in another study conducted by Redshaw et al. (1990) on reservoir 
sediments, the extent and rate of P adsorption were found to be smaller at 22 °C 
than at 7 °C. 
2.6.4 Salinity 
Salinity is another key environmental parameter affecting P exchange 
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particularly in the estuarine regions where freshwater and saltwater meet, but its 
impact is less extensively studied compared to other factors. Caraco et al. (1990) 
reported a comparatively higher mean value of relative sediment P release in the 
brackish and marine systems than in the freshwater systems, which can be 
attributed to the low immobilization of mineralized P by sediments under high 
salinity. Also, given the lower sorption coefficient and higher sediment EPCo 
value determined, brackish and salt marsh sediments are less efficient in 
retaining P than freshwater sediments (Sundareshwar & Morris, 1999). This could 
be explained by the presence of large amount of anionic electrolytes in saline 
waters, which compete with phosphate ions for surface adsorption sites on 
sediment particles (Froelich，1988). 
2.6.5 Sediment Properties 
Various sediment parameters, including concentrations of organic 
matter, iron, aluminium, calcium, and clay minerals, can impact on the ability of 
sediments in sorbing or releasing P (Sondergaard et al, 2003). In a Florida 
constructed wetland, 76% of the variability in cumulative P flux was explained by 
the water soluble P and double acid-extractable Mg contents in sediments (Pant & 
Reddy, 2003). Axt and Walbridge (1999) showed a strong positive correlation 
(r=0.91) between P sorption capacity and both oxalate-extractable Al and organic 
matter concentrations in Virginia wetland soils. Phosphorus sorption maximum in 
the Florida lake sediments was also reported to correlate strongly with amorphous 
and total Fe and Al, as well as HCl-extractable Ca and Mg contents (Olila & Reddy, 
1993). Furthermore, Andrieux-Loyer and Aminot (2001) established significant 
correlations between clay proportion and various P fractions, including 
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exchangeable-P, Fe- and Al-bound P in coastal sediments. The relationships 
between P exchange characteristics and sediment properties in local wetlands 
should be quantified to facilitate prediction and regulation of water quality. 
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CHAPTER THREE 
METHODOLOGY 
This chapter introduces the methodology adopted in this study. Firstly, 
the overall study approach is presented to put the sampling and experimental 
works in the broader context of this research. Secondly, characteristics of the 
study area and study sites are described in brief. Thirdly, the sampling strategy 
used in this research is discussed with respect to the sampling locations, sampling 
frequency as well as methods of sample collection and treatment. It is then 
followed by an illustration of the analytical methods employed in the 
determination of various physico-chemical properties of sediments, porewater and 
overlying water in wetlands. Lastly, statistical methods used in this study for data 
analysis are highlighted. 
3.1 OVERALL STUDY APPROACH 
This study aims to investigate the characteristics of phosphorus retention 
and release by wetland sediments in Hong Kong. Figure 3.1 summarizes the 
overall study approach in tackling this research issue which will be further 
elaborated below in this section. One natural wetland and one constructed wetland 
in Hong Kong were selected as the study sites, which enables the comparison of P 
exchange data between the two and evaluation of the ability of constructed 
wetlands in mimicking the function of P regulation performed by similar natural 
wetlands. 
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study Sites 
- Natural wetland 
- Constructed wetland 
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+ 
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Phosphorus Retention/Release Characteristics 
of Wetland Sediments 
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Recommendations to Enhance the Retention of 
Phosphorus by Wetland Sediments 
Figure 3.1 The overall study approach adopted in this study 
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The focus of this research is to gather process-level information with 
regard to P retention and release in wetland sediments, which can then be further 
used to improve the design of wetlands for P removal (Richardson, 1999). Mass 
balance studies can effectively quantify the net removal of P by wetlands. 
However, they are unable to identify the contribution of various exchange 
processes to P retention that is vital to water quality improvement and habitat 
maintenance. The use of in situ chamber incubation can better reflect P exchange 
under constantly changing ambient conditions, but is difficult to single out the 
effect of various environmental parameters. Thus, this study instead adopted an 
approach that integrated sampling in the field and simulation and analysis in the 
laboratory. Soil and water samples were collected on site and the retention and 
release of P by wetland sediments were simulated in the lab, which enabled the 
study of individual exchange processes and the manipulation of environmental 
conditions. Although various hydrodynamics processes in the field like 
wave-induced resuspension, circulation by wind, and turbulent and laminar 
mixing that can influence wetland nutrient transport are not simulated in the lab, 
previous studies have found that P flux from sediments estimated by laboratory 
incubation of sediment cores was not significantly different from that measured 
using in situ benthic chambers (Fisher & Reddy, 2001) and that determined by 
changes in hypolimnetic P concentrations (Numberg, 1987). 
Figure 3.1 shows the three major aspects affecting P exchange between 
sediment and water in wetlands that were investigated in this research. The size of 
various sedimentary P pools was determined by chemical fractionation methods. 
Sorption parameters (e.g. sorption maxima and EPCq) and kinetics were 
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determined by batch incubations in the laboratory. The effects of pH, salinity and 
temperature on P sorption were individually studied by altering the respective 
conditions in the experiments. The overall sediment-water P flux was studied by 
core incubations conducted in a controlled environment. Also, incubations were 
done on cores collected in wet and dry seasons and the sediment redox status was 
manipulated to study the influence of seasonality and redox potential on P fluxes 
respectively. The results obtained from these lab-based studies could together give 
an overview of the phosphorus retention and release characteristics of wetland 
sediments in Hong Kong and shed light on the effects of some selected 
physico-chemical parameters in the wetland environment on P dynamics. Based 
on these findings, recommendations were further made to enhance the role of 
wetland sediments in retaining water-borne phosphorus. 
3.2 GEOGRAPHICAL SETTING OF HONG KONG 
Hong Kong, located on the southeastern tip of China at latitude 22° 
15’N and longitude 114� lO'E, has a total area of 1,104 km^ (Census and Statistics 
Department, 2006). With over 80% of the land exceeding 100 m in height, Hong 
Kong has a rugged topography dominated by steep slopes (Jim & Wong, 2002). 
Remaining flat lands are thus under significant threat owing to increasing 
development pressure, with wetlands as a notable target for destruction due to the 
ease in filling and reclaiming these lands. Remaining wetlands in Hong Kong, 
including mangrove swamps, fishponds and gei wais, only occupy 1.7% of the 
total area of the territory with an approximate size of 19 km^ (Department of 
Geography, 2001). The geographical setting of Hong Kong in general will be 
presented below in this section. 
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3.2.1 Climate 
Situated at the boundary between the tropical and subtropical regions, 
the climate of Hong Kong is strongly governed by the monsoonal system 
(Ramage, 1971). Four seasons, controlled by alternate heating and cooling of 
great land masses in Eurasia, are clearly identified (Chin, 1986). The weather is 
hot and humid in summer from May to September, and cool and dry in winter 
from November to February. The cool winter in Hong Kong is intercepted by 
short cold periods under the influence of southward-bound cold spells from 
Siberia (Sin & Chiu，1982). Over the 30-year period from 1961 to 1990，the mean 
annual temperature and mean annual rainfall were 23.0 °C and 2214.3 mm 
respectively (Hong Kong Observatory, 2006). 
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Figure 3.2 Mean monthly temperature and rainfall in Hong Kong over the 
period 1961-1990 (Data from Hong Kong Observatory, 2006) 
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Figure 3.2 shows the mean monthly temperature and rainfall in Hong 
Kong during the period from 1961 to 1990. Due to the influence of summer 
monsoon which brought vast amount of moisture to the territory, over 77% of the 
mean annual rainfall was found to concentrate in the summer months from May to 
September. This was also accompanied by a higher average temperature of 27.7 
°C in the summer months as compared to 19.5 °C recorded in the winter months. 
Table 3.1 Monthly rainfall (mm) in Mai Po (MP) and the Hong Kong 
Observatory (HKO) during 1998-2000 
^ 2000 
Month MP HKO MP HKO MP HKO 
Jan 6.3 4.5 107.6 70.3 52.2 47.6 
Feb Trace Trace 19.3 22.4 17.0 10.9 
Mar 14.8 23.5 14.6 46.1 46.4 56.5 
Apr 141.2 237.1 35.9 176.3 795.4 547.1 
M a y 401.0 314.0 113.1 178.5 76.5 208.9 
Jun 446.3 835.6 177.9 197.4 187.7 443.3 
Jul 134.6 267.3 78.1 203.8 351.2 299.5 
Aug 120.0 226.0 675.5 892.0 500.8 586.5 
Sep 129.7 250.3 320.4 365.7 102.5 171.3 
Oct 86.1 133.9 19.4 38.8 155.1 204.1 
Nov 27.6 27.5 16.2 15.7 90.0 96.8 
Dec 25.3 15.0 41.0 32.9 64.5 56.0 
Total 1532.9 2334.7 1619.0 2239.9 ~ 4 3 9 . 9 2728.5 
(Data from Water Supplies Department, 2001a; 2001b; 2002) 
Also, the rainfall pattern in Hong Kong varies significantly across the 
territory. Table 3.1 compares the monthly rainfall data recorded in Mai Po to those 
obtained in the Hong Kong Observatory at the city center during the year 1998 to 
2000. Located in the rain shadow area on the leeside of the 957 m high Tai Mo 
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Shan, the Mai Po area received a lesser amount of precipitation annually than at 
the downtown Hong Kong Observatory. 
3.2.2 Geology and Landform 
Hong Kong is covered by rocks formed in the Palaezoic, Mesozoic and 
Cenzoic Eras of various geologic ages. Of the large variety of rocks present in 
Hong Kong, the intrusive igneous rocks represent the most common rock types 
covering one-third of the territory (Peng, 1986). These rocks intruded into the 
Repulse Bay volcanic formation and older sedimentary rocks following the 
Middle Jurassic Yenshanian movements. The granite, with outcrops exposed on 
extensive regions over Hong Kong, is highly weathered and acidic with abundant 
quartz, acid plagioclase feldspar and biotite. 
Although granite covers a good portion of the territory, Mai Po is 
mainly underlain by low-grade, regionally metamorphosed sedimentary rocks of 
the Lok Ma Chau Formation formed in the Jurassic Period (Peng, 1986). 
Specifically, the Mai Po area comprises Paleozoic rocks of Mai Po Member under 
the Lok Ma Chau Formation in San Tin Group, with a high dominance of 
undivided metasandstone with metaconglomerate and phyllite as indicated by the 
geological maps (Geotechnical Engineering Office, 1994). The phyllites, which 
were shales originally, may influence the properties of water and soil in the Mai 
Po wetlands to a certain extent. The low-lying floodplains in Hong Kong are 
mainly located at the middle and lower courses of river basins traversed by 
extensive drainage systems, e.g. Sheung Shui Plain, Yuen Long Plain and Shek 
Kong Plain (So, 1986). These low-lying areas in northwestern Hong Kong 
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provide excellent opportunity for agriculture and aquaculture, with ample water 
supply and fertile soil. 
3.2.3 Soils 
In Hong Kong, over 80% of the land is steep with undulating 
landscapes. As Grant (1986) suggested, the hill soils of Hong Kong can be 
divided broadly into two groups, namely red-yellow podzol (Utisol order) and 
krasnozems (Typic Acrothox). Red-yellow podzol is often developed on granitic 
parent materials at above 500 m altitude, while krasnozems occur more frequently 
on volcanic bedrock at a height below 500 m. The krasnozems possess excellent 
physical properties with high porosity and good structure (Grant, 1986)，and are 
more fertile than red-yellow podzol with less erosion (Chau & Lo，1980). On the 
other hand, the very poorly drained series of Mai Po Association soils covers an 
extensive low-lying area in the Deep Bay district. These soils mainly consist of 
alluvial and colluvial materials derived from bedrock of the Lok Ma Chau 
formation (Grant, 1960). 
3.2.4 Vegetation 
Hong Kong has a wide variety of flora with 239 families, 1,278 genera 
and 2,723 species (Hong Kong Herbarium, 1993). Catt (1986) classified the 
present-day vegetation of Hong Kong into four broad categories: 
i) forests/woodland; 
ii) scrubland; 
iii) grassland; and 
iv) specialized communities of coastal and urban habitats. 
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Mangroves are inter-tidal wetland ecosystems established uniquely in 
the tropical and subtropical coastal areas (Tarn & Wong, 2002). Tarn et al. (1997) 
identified over 40 mangrove stands with a total area of 350 ha spanning across the 
territory of Hong Kong, with Kandelia candel, Aegiceras corniculatum, 
Excoecaria agallocha and Avicennia marina as the dominant mangrove species. 
Intertidal shrimp ponds in the Mai Po area usually have abundant mangroves, 
while the fishponds are devoid of vegetation under active management (Irving & 
Morton, 1988). 
3.3 STUDY SITES 
3.3.1 Site Selection 
Although there is an increasing trend of wetland creation activities in 
Hong Kong, little is known about the functioning of these artificial ecosystems. 
The Hong Kong Wetland Park (HKWP) is the largest constructed wetland found 
in the territory, which aims to mitigate wetland habitat loss owing to Tin Shui Wai 
new town development and provide ancillary benefits of promoting recreation, 
education and ecotourism (Cha, 2004). In addition, this wetland is used to purify 
part of the urban stormwater collected in nearby areas, which is the first of its 
kind in Hong Kong (Environmental Protection Department, 1998a). Given its 
stated objectives, the HKWP was selected as one of the study sites to examine its 
ability in removing P and performing water quality functions similar to the 
adjacent natural wetlands. The relatively large size and high diversity of habitat 
types in the HKWP further make it a suitable site for investigation. 
Since no previous attempts have been made to study the original 
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wetlands at the present-day site of the HKWP, the selection of a similar natural 
wetland in the vicinity is suggested as a reference for comparison in determining 
the success of mitigation projects (Hammer, 1992; Kentula, 2000). The HKWP 
serves as a buffer zone between the Tin Shui Wai new town and the ecologically 
sensitive Mai Po Inner Deep Bay Ramsar Site. Thus, the Mai Po Marshes, being 
the largest natural wetland remaining in Hong Kong and located in close 
proximity to the HKWP, was also selected for further examination in this research. 
Although the present site of the HKWP is formerly fishponds, commercial 
fishponds in the Mai Po area were not chosen as natural reference wetlands for 
this study since they were close systems without water exchange, except during 
pond draining, and had limited practical contribution to water quality amelioration. 
Figure 3.3 indicates the location of the two chosen study sites in Hong Kong. 
Mai Po Hamsar Site 
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Figure 3.3 A map showing the location of study sites in Hong Kong 
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Grayson et al. (1999) highlighted the importance of comparing a 
mitigation wetland to both replicated natural reference wetlands and control sites 
for a complete evaluation of mitigation. However, sufficient replication of 
wetlands is not common due to the high spatial and temporal variability in natural 
marshes and the limited number of reference wetlands available for feasible 
sampling (Simenstad & Thom，1996). Because of the limitation of time and 
availability of local wetlands, this study only compared the P retention/release 
characteristics between one single natural wetland and one constructed wetland. 
Without adequate replication of treatments (i.e. the construction of wetlands in 
this study), pseudoreplication can be resulted from the use of inferential statistics 
to test for treatment effects (Hurlbert, 1984). As such, the results obtained in this 
research might not be able to ascertain the effects of wetland creation on P 
exchange, but at least could provide a useful case study of comparison between a 
specific mitigation wetland and a nearby natural wetland. Given that the HKWP 
and Mai Po Marshes differed intrinsically from each other with respect to 
hydrology, substrate, etc., they were essentially not a pair of experimental and 
control set-ups. Differences in the physical setting between the two sites could be 
regarded as some possible reasons to account for discrepancies in P exchange 
behaviour where appropriate. The effects of some environmental variables on P 
retention and release were further studied under controlled conditions in the 
laboratory. 
3.3.2 Site Description 
3.3.2.1 The Hong Kong Wetland Park 
Situated in the northeastern part of Tin Shui Wai new town and on the 
4 8 ‘ 
southern end of the Mai Po Ramsar Site (22�28 'N and 114�OO'E), the 61-hectare 
Hong Kong Wetland Park is the largest local constructed wetland complex, 
serving as en ecological mitigation area to compensate for the loss of wetlands. It 
comprises numerous types of wetland habitats, including reedbeds, freshwater 
marshes, mangroves and inter-tidal mudflats. Since the completion of construction 
in late 2003, the Hong Kong Wetland Park has shown to support a rich 
biodiversity with over 120 and 50 species of birds and butterflies recorded 
respectively (Kwok, 2004). 
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Figure 3.4 Map of the Hong Kong Wetland Park indicating the sampling 
locations and water flow path (Modified from AFCD) 
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The surface flow reedbeds and freshwater marshes in the HKWP were 
chosen for investigation, since they have the greatest areal coverage among the 
different habitats present and are hydrologically interconnected to be influenced 
by the same water sources (Fig. 3.4). The reedbeds receive input of stormwater 
from the Eastern Temporary Channel and treated water recycling from the storage 
pond of the HKWP (Binnie Black & Veatch, 2002). After passing through the 
16,000 m^ reedbeds, influent water enters the smaller Freshwater Marsh 2 (17,700 
m^) and then the much larger Freshwater Marsh 1 (53,000 m^). The water 
residence time in the whole system is approximately 28 days (J. Yip, personal 
communication, July 22，2004). 
Reclaimed from Deep Bay fishponds, the HKWP has its base covered 
with a 1 m thick compacted clay layer that is further overlaid by a 0.6 m thick 
topsoil layer (BBV, 2002). According to contractor's specification, the topsoil of 
reedbeds and freshwater marshes in the HKWP consists of 55% pond bund 
material, 30% completely decomposed granite and 15% clean river sand by 
volume. The pond bund material, a hydric soil found in the bunds of the local 
fishponds, is augmented with calcium oxide before mixing with other topsoil 
components (J. Yip, personal communication, July 22, 2004). Common reeds 
{Phragmites australis) are planted in the reedbeds, while the freshwater marshes 
are dominated by sedges and submerged aquatic plants. 
3.3.2.2 Mai Po Marshes Nature Reserve 
Situated at 2 2 � 3 0 ’ N and 114�Ol 'E, the 380-hectare Mai Po Marshes 
Nature Reserve is an integral component within the larger 1500-hectare Mai Po 
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Inner Deep Bay Ramsar Site. It rests on the eastern shore of Deep Bay, which is 
indeed a shallow bay with a total area of 112 km^ and an average depth of 3 m 
(Irving & Morton，1988). The Mai Po Marshes has a mosaic of wetland types 
including, in sequence from Deep Bay landwards, the intertidal mudflats, dwarf 
mangroves, tidal shrimp ponds and fishponds (Fig. 3.5). 
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Figure 3.5 Map of the Mai Po Marshes Nature Reserve showing the location 
of sampling points (Modified from WWF-HK) 
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The 500 m wide and 3 km long mangrove belt along the coast of Deep 
Bay is a major form of natural vegetation in the lowlands of Mai Po (Duke & 
Khan, 1999; Willis et al., 2006). Covering an area of over 150 hectares, these Mai 
Po mangroves are the largest in Hong Kong and the sixth largest in China (Tsim 
& Lock, 2002). The two mangrove species Kandelia candel and Aegiceras 
corniculatum exhibited a bimodal distribution in the intertidal zone of Mai Po, 
with higher stem density along the seaward and landward edges. Avicennia 
marina is dominant in the middle of transect with a maximum stem height and 
diameter of 3.5 m and 7.8 cm respectively (Young, 1999a). Because of strong 
legislative protection, there are no direct anthropogenic disturbances on these 
fringe mangroves except occasional sampling of molluscs for scientific research 
(Duke & Khan，1999). 
Tidal shrimp ponds (locally named gei wais) in the Mai Po area are 
some of the last remaining traditionally managed ponds in China (Young & 
Melville, 1993). Most of these gei wais were reclaimed from intertidal marshes in 
the 1940s by enclosing the marshlands with earthen bunds and installing a sluice 
gate to control water exchange between the bay and the pond (Irving & Morton, 
1988). There are 24 gei wais in the Mai Po Marshes, totaling an area of 272 ha. 
These shrimp ponds are dominated by different proportions of mangroves, reeds, 
and open water areas (Young, 1999b). Because of active management of 
hydroperiod, gei wais in Mai Po are sometimes regarded as semi-natural wetlands 
(Lui et al,, 2002). Meanwhile, as compared to constructed wetlands, these tidal 
shrimp ponds have undergone a long process of natural colonization for over 50 
years after their establishment and thus are thought to resemble more of a natural 
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wetland. For the sake of comparison to the HKWP, the tidal shrimp ponds in Mai 
Po were treated as a natural wetland in this study. 
The Mai Po Marshes is influenced heavily by the eutrophic tidal water 
from Deep Bay. Due to growing population and industrial activities, rivers in the 
Deep Bay watershed, e.g. Yuen Long Creek and Shenzhen River, have received an 
increased nutrient loading from the discharge of domestic sewage, agricultural 
wastes and industrial wastewater (Cheung et al., 2003; Lau & Chu, 1999b). Water 
quality in Deep Bay is thus degraded seriously, with average concentrations of 
orthophosphate and total inorganic nitrogen in the Inner Deep Bay reaching as 
high as 0.55 and 6.26 mg L'' respectively (Environmental Protection Department, 
2005). Deterioration in the quality of tidal water of Deep Bay has been suggested 
as a likely cause for the decline in gei wai shrimp production from 1990-1995 
(Cha et al., 1997). A spatial pattern in water quality of the Mai Po Mashes has 
been illustrated by Lau and Chu (1999a), where significantly higher levels of 
ammoniacal nitrogen (2.0-19.4 mg L"^), orthophosphate (0.15-2.56 mg L"'), total 
phosphorus (0.26-3.39 mg L''), fecal coliforms (6-1060 x 10^ cfu 100 ml'') and 
fecal streptococci (3-6200 x 10^ cfu 100 ml'') were recorded at the northern and 
southern ends than the central region. 
3.4 SAMPLING STRATEGY 
3.4.1 Sampling Locations 
A total of eight sampling points were chosen along the hydrologic path 
in the Hong Kong Wetland Park constructed wetland, with two points selected in 
the reedbeds near the water source (RBI-2), two in the smaller freshwater marsh 
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(FMl-2) and four in the larger freshwater marsh located farthest away from water 
inflow (FM3-6) (Fig. 3.4). The eight selected points were spaced apart by 
approximately 100 m. Sorption parameters were shown to vary with distance from 
inflow structures in the Everglades (Richardson & Vaithiyanathan，1995). The 
distribution of sampling locations in the HKWP down the hydrologic gradient 
thus facilitates the inclusion of a possibly wide range of sediments under the 
influence of changing P loadings. Photographs of the reedbeds and freshwater 
marsh in the HKWP are given in Plates 3.1 and 3.2 respectively. 
Similarly, eight sampling locations were selected in the Mai Po Marshes 
including four in the mudflat and mangroves along the boardwalk (BWl-4) and 
another four in gei wai no. 18 (GW 1-4) (Fig. 3.5). The whole mangrove belt in 
Mai Po is dissected by eight to nine water channels, which are under tidal 
influence and sometimes act as feeder drains for flushing the gei wais (Plate 3.3) 
(Duke & Khan, 1999). Except for BWl which was located at the landward edge 
of the intertidal mudflat, the three sampling points of BW2-4 were positioned 
along the water channel in the mangrove forests outside gei wai no.13. This 
selection was based on two reasons: (1) water channels in the mangrove forests 
are sites where maximum sediment-water interactions occur; and (2) the presence 
of boardwalk in this water channel facilitates easy sampling works. BWl was 
located closest to Deep Bay while BW4 was at the landward edge of mangrove 
swamp in proximity to the gei wais. This selection of sampling points down the 
salinity and/or nutrient gradients from BWl to BW4 enables a more 
comprehensive representation of sediments in the mangrove zone. 
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Plate 3.3 Photograph showing the mangrove belt and water channel in the 
Mai Po Marshes 
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Plate 3.4 Photograph showing the intertidal gei wai in the Mai Po Marshes 
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Gei wai no. 18 is dominated by mangroves and reeds at both ends, with 
the presence of considerable open brackish water areas in between (Willis et al., 
2006) (Plate 3.4). The sluice gate of this gei wai is opened for three days every 
month to enable flushing by tidal water. Moreover, gei wai no. 18 is drained every 
year to enhance oxidation of soil organic matter, with the last being on February 
18，2006 (L. Young, personal communication, April 29, 2006). There is usually a 
1-1.5 m deep and 10 m wide water channel excavated around the inner edge of gei 
wai to facilitate water exchange (Cha et al., 1997)，and allow juvenile shrimps to 
remain underwater during pond draining (Irving & Morton, 1988). Four locations 
(GWl-4) were selected for sampling in the water channel along the length of gei 
wai no. 18 (Fig 3.5), where overlying water has the greatest interactions with 
underlying soils. GWl was located at the proximal end of gei wai near the sluice 
gate. GW2 and 3 were selected progressively further away from the seaward side, 
approaching GW4 which was at the distal end of gei wai no. 18. This allocation 
again allows the spatial variations in gei wai sediments to be better represented. 
3.4.2 Sampling Dates 
Phosphorus release from sediments is believed to vary seasonally, with 
often higher rates obtained in summer following an increase in temperature and 
subsequent decrease in redox potential. Hong Kong is influenced by a monsoonal 
climate with generally higher temperature and rainfall in the summer months, 
which can impact on the P release patterns in the wetland sediments. Thus, 
seasonal sampling of soil cores and overlying water was done for the 
determination of P flux in sediments. Due to time and resource constraints, 
sampling was conducted only in the wet and dry seasons in the two wetlands. In 
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the Hong Kong Wetland Park, samples were obtained in January and September 
2005, representing the dry and wet periods respectively. On the other hand, 
sampling works in the Mai Po Marshes were carried out in June 2005 (wet season) 
and January 2006 (dry season). To study P sorption and P fractions in the wetland 
sediments, additional sediment samples were collected during the January 2005 
trip in the HKWP and June 2005 in the Mai Po Marshes respectively. 
3.4.3 Sample Collection and Treatment 
In order to avoid causing disturbance to water properties, sampling of 
overlying water was carried out preceding soil sampling. Various properties of 
overlying water, including pH, conductivity, salinity, turbidity, temperature and 
dissolved oxygen (DO) concentration, were first measured in situ by lowering a 
Horiba UIO water quality checker to a depth of 0.5 m. Next, surface water 
samples were obtained by means of a 2.2 L Van Dom horizontal alpha water 
sampler for chemical analysis. The samples collected were transferred to 0.5 L 
polyethylene bottles pre-washed with 10% H N O 3 and de-ionized distilled water. 
Bottles were filled completely with water samples to minimize oxidation by air 
during transportation. The measurement of water properties and collection of 
water samples were done randomly in triplicate at each of the sampling points. 
For the study of P flux, triplicate sediment cores were collected 
randomly at each sampling point by a Wildco hand corer, in which intact 
sediment-water columns could be obtained without disturbing the interface. The 
opening of top valve of the core during descent allows water to flow through 
while its closure during ascent prevents sample washout (USEPA, 2004). 
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Following the withdrawal of hand corer from bottom sediments, transparent PVC 
core liner containing the sediment sample was removed from the sampler. The 
core was then immediately capped at both ends to minimize oxidation, and 
transported to the laboratory in ice immediately in an upright direction. 
Additionally, five replicate core samples were obtained at each sampling point in 
the HKWP and Mai Po Marshes in January and June 2005 respectively for the 
characterization of sediments and study of P sorption. Redox potential (Eh) of 
surface sediments was also measured in the field at each of the sampling point by 
a portable Eh meter. 
Water samples were treated promptly as their properties could change 
abruptly under sunlight or oxidation. Upon arrival at the laboratory, a portion of 
water samples was immediately filtered by Whatman GF/C filters for the 
determination of orthophosphate concentration. The filtrates and remaining 
unfiltered water samples were acidified with concentrated H2SO4, kept in the dark 
and stored in a refrigerator at 4±1 °C until further analysis. 
Sediment cores not used for the study of P flux were subsampled in the 
laboratory within 48 hours after collection, using a simple piston extruder system 
suggested by Mudroch and Azcue (1995). The lower end of core was uncapped 
and placed vertically on top of the piston supported by a long metal rod. 
Overlying water in the cores was siphoned off to avoid disturbing the 
sediment-water interface. Then, a piece of core liner with 5 cm height was placed 
on top of the core, which was further pushed down until the sediment surface 
reached the upper end of liner. Finally, the top 5 cm surface sediment was 
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collected using a metal cutter. Sectioning of soil cores was entirely done in a 
N2-purged glove box to minimize oxidation of samples. 
Fresh sediment subsamples obtained from cores at the same site were 
then homogenized and stored in plastic containers in the refrigerator at 4±1 °C 
until further analysis. Pooling of sediment samples has been suggested as a good 
compromise for reducing intra-site variability and sample processing time 
(Paludan & Morris，1999). A portion of the homogenized sediment was oven dried 
at 60 °C for 24 hours and then pulverized with a mortar and pestle. Two sets of 
pulverized subsamples, which passed through 0.5 mm and 0.15 mm sieves 
respectively, were prepared and stored in sealed plastic bags at 4±1 °C for 
chemical analysis. Moreover, sediment porewater was collected by centrifuging 
approximately 30 g of field-moist sediments in a centrifuge tube at 5,000 rpm at 
20 °C for 10 minutes. After centrifugation, the supernatant was filtered in a glove 
box, acidified and stored at 4土 1 °C for analysis of orthophosphate within 24 
hours. 
3.5 SAMPLE ANALYSIS 
This section describes the analytical methods used in the 
characterization of various physico-chemical properties of sediment and overlying 
water in wetlands. All experiments introduced below in this section were 
conducted in triplicate, unless otherwise stated. 
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3.5.1 Analysis of Sediment Samples 
3.5.1.1 Sediment Texture 
Sediment texture greatly influences the phosphorus binding ability of 
sediments. The particle size and texture of fresh sediment was determined by the 
hydrometer method (Bouyoucos, 1951). About 25 g of 5% w/v Calgon solution 
(sodium hexametaphosphate) and 400 ml tap water was added to 50 g of fresh 
sediment in a container of high speed stirrer. The mixture was stirred for 10 
minutes and then transferred to a 1 L cylinder and made up to the mark with tap 
water. After stirring the mixture for 1 minute with a paddle, readings from the 
hydrometer were recorded both at 4 minutes 48 seconds and 5 hours for 
calculation of particle size distribution. Texture class was determined by means of 
a textural triangle following the scheme of the International Society of Soil 
Science. There were no replicates being used in the analysis of sediment texture. 
3.5.1.2 Sediment pH 
Sediment pH was measured by the glass electrode method using an 
Orion Expandable Ion Analyzer EA 940. Ten grams of fresh sediment was mixed 
with 25 mL distilled water at a sediment:water ratio of 1:2.5 (w/v). The mixture 
was then shaken for 10 minutes and left to stand for 30 minutes before measuring 
the pH of the supernatant with a glass electrode. 
3.5.1.3 Redox Potential 
The determination of sediment redox potential (Eh), the intensity of 
reduction or oxidation, is especially important in a submerged system. Under 
different combinations of Eh and pH, metals like iron and manganese can exist in 
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different speciations which differ in mobility (Collins & Buol, 1970). Redox 
potential of wetland sediment was measured by a Cole Palmer platinum electrode 
connected to an Eh/pH meter. The electrode was dipped directly into the fresh 
sediment and Eh values were recorded from the readings shown on the analyzer. 
3.5.1.4 Sediment Moisture 
Flooded sediments consist of two phases, namely the solid particles and 
water filling up all the soil pores. Sediment moisture content was determined by 
drying the sediment in an air-circulation oven at 105 °C for two days. The weights 
of sediment samples before and after drying were weighed and sediment moisture 
content was calculated by equation (3.1) below: 
(wet weight 一 dry weight) / dry weight x 100%. (3.1) 
3.5.1.5 Organic Matter 
Loss on ignition (LOI) was used to estimate roughly the organic matter 
content in sediments due to the quick and simple procedures involved in its 
application. About two grams of 105 °C oven-dry sediment was put in a crucible 
and ignited at 550 °C in a muffle furnace for four hours (Heiri et al, 2001). The 
organic matter content was determined gravimetrically by the weight difference 
between ignited and oven-dry sediment. Dichromate oxidation was not employed 
in this study because the possibly high concentration of chloride ions in wetland 
sediments can lead to overestimation of organic matter concentrations 
(Ruttanagosrigit & Boyd, 1989). Moreover, good correlations have been shown 
between the organic content determined by LOI and the Walkley-Black wet 
oxidation (Queiroz & Boyd, 1998). 
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3.5.1.6 Total Kjeldahl Nitrogen 
Total Kjeldahl nitrogen (TKN) of the sediments was determined by the 
Kjeldahl oxidation method. One gram of 0.5 mm oven-dry sediment was digested 
with sulphuric acid and a Kjeltab tablet containing K2SO4 and CUSO4 in a Tecator 
DS-20 digester. The digestate was then distilled in a Tecator Kjeltec 1026 
distillation unit, liberating free ammonia in the presence of excess NaOH. The 
TKN content was determined by back titrating the distillate containing excess 
boric acid with 0.0248 MHCl. 
3.5.1.7 Total Fe, Al, and P 
Total iron (Fe), aluminium (Al), and phosphorus were determined by 
mixed acid digestion. Approximately 0.5 g of 0.5 mm oven-dry sediment was 
digested by a 9 ml mixture of 60% perchloric acid, concentrated nitric and 
sulphuric acids at a ratio of 2:10:1, in a Tecator 1015 block digestor at about 200 
°C for 45 minutes. The digestate was filtered by Whatman #6 filter paper and 
diluted to 100 ml with distilled water. Concentrations of Fe, Al, and P in the 
solution were then analyzed by using Inductively Coupled Plasma Optical 
Emission Spectrometer (ICP-OES) (Perkin Elmer, Optima 5300 DV). 
3.5.1.8 Oxalate-extractable Fe, Al, and P 
Amorphous Fe, Al, and native sorbed P in the sediment were 
determined by the acid ammonium oxalate extraction procedure (Loeppert & 
Inskeep, 1996). About 0.5 g of 0.15 mm oven-dry sediment was extracted in the 
dark with 0.175 M ammonium oxalate + 0.1 M oxalic acid at pH 3 at a solid to 
solution ratio of 1:60. The samples were continuously shaken in the dark for 4 
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hour and the supernatant collected after centrifugation were analyzed for Fe, Al, 
and P by ICP-OES. 
3.5.2 Analysis of Water Samples 
3.5.2.1 Water pH, Conductivity, Salinity, Turbidity, Temperature, and DO 
Physical and electrochemical properties of overlying water, including 
pH, conductivity, salinity, turbidity, temperature and DO concentration, were 
measured in situ at a depth of 0.5 m and recorded directly from readings shown on 
the Horiba UIO water quality checker. 
3.5.2.2 Orthophosphate 
Orthophosphate (o-P) concentration in the supematants, overlying water 
and porewater samples was determined within 24 hours of collection by the 
molybdenum blue method (Murphy & Riley, 1962). Phosphate reagent powder 
was prepared by mixing 6 g ammonium molybdate, 5.3 g ascorbic acid, and 0.14 
g antimonyl potassium tartarate. One gram of this reagent powder was then 
dissolved in 100 ml of 1.25 MH2SO4 to form a mixed phosphate reagent. Four ml 
of this reagent was added to 20 ml of sample solution in a plastic vial which was 
further mixed and left to stand for 10 minutes. Orthophosphate concentrations 
were determined by measuring the absorbance of solution colorimetrically at 882 
nm using a UV-VIS spectrophotometer (Shimadzu 160A) within 30 minutes. 
Cuvettes of 1 cm and 5 cm path length were used when analyzing solutions with 
high (>0.1 mg L.i) and low (<0.1 mg L"') phosphate concentrations respectively. 
Calibrations were done before measurements using P solutions ranging from 0 to 
1 mg L—i for 1 cm cuvettes and 0 to 0.2 mg L'' for 5 cm cuvettes. 
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3.5.2.3 Total Nitrogen and Phosphorus 
Total nitrogen (TN) and total phosphorus (TP) in the water samples 
were determined simultaneously by the peroxodisulfate oxidation method 
suggested by Ebina et al, (1983). Five ml of oxidizing solution containing 0.074 
M K2S2O8 and 0.075 M NaOH was added to 5 ml sample in a Teflon tube and 
then autoclaved at 120 °C for 30 minutes. After cooling to room temperature, the 
solution was analyzed for nitrate and phosphate respectively by the cadmium 
reduction method using flow injection analysis (FIA) and molybdenum blue 
method using a UV-VIS spectrophotometer (Shimadzu 160A). 
3.5.3 Determination of Phosphorus Exchange Characteristics 
Sediment P fractions were sequentially extracted using the EDTA 
method (Golterman, 1996). Phosphorus sorption parameters of wetland sediments 
were determined by batch incubation study, while sediment P flux was measured 
by incubating sediment cores in the laboratory. The above experiments were 
highly specific to the P exchange behaviour being investigated, with the 
application of a unique and detailed set of procedures. To improve the readability 
and structure of this thesis, the methodology of these experiments will be 
introduced at the start of relevant chapters. 
3.6 STATISTICAL ANALYSIS 
As within-site variability cannot be assessed with the use of 
homogenized samples, statistical tests of mean values between sampling points 
are not appropriate. Meanwhile, it is possible to assess analytical errors by 
conducting measurements on replicate pooled samples (Paludan & Morris，1999). 
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Mean value and standard error of parameters at each sampling point were reported 
in this study, which provide a useful qualitative descriptor and a measure of 
analytical variability respectively. 
Statistical tests were carried out using Statistical Package for the Social 
Sciences (SPSS) Version 12.0 unless otherwise stated. Non-parametric statistical 
tests were used in this study due to the small sample size and non-normal 
distribution of data. Mann-Whitney U test was employed to detect any significant 
differences between parameters in the Hong Kong Wetland Park and Mai Po 
Marshes. Spearman rho correlation analysis was conducted to investigate the 
relationships between phosphorus exchange parameters and physico-chemical 
properties of sediments. Any other statistical tests used in this study will be 
introduced in the relevant chapters. 
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CHAPTER FOUR 
PHOSPHORUS FRACTIONATION IN WETLAND 
SEDIMENTS IN HONG KONG 
4.1 INTRODUCTION 
Sediments play an important role in the overall retention of P in 
wetlands. Accounting for over 50% of the total standing stock, soil is the major 
compartment of phosphorus storage in wetland ecosystems as compared to 
components of water, periphyton and macrophytes (Noe et al.’ 2002; Richardson, 
1999). Dissolved and particulate forms of phosphorus in the water column can be 
temporarily or permanently retained by wetland sediments via adsorption, 
precipitation, sedimentation, etc. The retention and release of P by sediments is 
governed by various factors, including water pH，P loadings and amounts of clay, 
organic matter and metal oxides in sediments (Bostrom et al., 1988; Reddy et al, 
1999b). Hence, the establishment of baseline information regarding the 
characteristics of sediment and overlying water is essential for the study of P 
dynamics in wetlands. 
Numerous studies attempted to examine the nutrient status and 
contamination level of wetland systems by analyzing the total P content in 
sediments (e.g. Lau & Chu, 2000; Tarn & Wong, 1998). However, the total 
amount of sediment phosphorus does not reveal any accurate information about 
the exchangeability and bioavailability of P, which are crucial in affecting water 
quality (Coelho et al, 2004). The study of sediment P chemical forms with 
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different mobility can shed light on the potential of P release from sediments, 
which has significant implications to future predictions of water column P levels 
(Sondergaard et al, 2001). 
Based on the above, this chapter has two objectives: 
1) To characterise the physico-chemical properties of sediments and 
overlying water in the HKWP and Mai Po Marshes; and 
2) To quantify the various phosphorus forms in wetland sediments by 
means of chemical sequential fractionation. 
4.2 METHODOLOGY 
4.2.1 Sample Collection and Analysis 
In both wet and dry seasons, various physical and electro-chemical 
properties of overlying water in the two wetlands were measured in situ and 
chemical analyses of water samples were conducted in the laboratory. Sediment 
samples used for characterization and fractionation studies were collected in the 
HKWP and Mai Po Marshes in January 2005 (dry season) and June 2005 (wet 
season) respectively. Sediment samples in the two wetlands were collected and 
chemical fractionation conducted at different times owing to time and resource 
constraints in laboratory analysis. Due consideration should be given to the 
possible effects of seasonality when interpreting the fractionation results reported 
in this study. To give a broad idea of the likely seasonal impacts, reference is 
made to relevant studies reported in the literature. When concentrations of P 
fractions determined in different seasons were averaged, coefficients of variation 
ranging from 17 to 53% and 25 to 100% were obtained in sediments of the 
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Mediterranean lagoons (Gomez et al., 1998) and Spanish temporary ponds 
(Serrano et al, 2003) respectively. Details regarding the methods of measurement, 
collection and analysis of water and sediment samples were presented in Chapter 
3. 
4.2.2 Phosphorus Fractionation 
Chemical sequential fractionation was used in this study to identify the 
different sedimentary P fractions. The use of ^'P nuclear magnetic resonance can 
help accurately identify different P forms, yet its reliability is limited in organic 
and sulfide-rich sediments with strong interference (Mesnage et al., 2002). 
Moreover, bioassays involving the measurement of available P for phytoplankton 
cultures incubated with sediments is very time-consuming (Serrano et al., 2003) 
and hence may not be practical for sediment P studies. 
The EDTA method developed by Golterman (1996) was selected in this 
research to fractionate the various P pools in wetland sediments. This is a 
functional extraction method that makes use of the unique chemical features of P 
compounds to extract a chemically well-defined P pool, without altering the 
remaining P fractions (De Groot, 1990). Figure 4.1 summarises the steps involved 
in the EDTA method in fractionating sediment phosphate. 
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Figure 4.1 Summary of the phosphorus fractionation scheme (EDTA method) 
adopted in this study 
To start with the fractionation, approximately 0.5 g (dry weight) wet 
sediment was added to a 50 ml polypropylene copolymer (PPCO) Nalgene 
centrifuge tube. Fresh sediment was used since drying or freezing could alter the 
results of fractionation study (Golterman, 1996). Different extractants were then 
added to the sediment samples sequentially to determine a total of seven P 
fractions. The reagents and conditions used in P fractionation were briefly 
summarised in Table 4.1. 
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Table 4.1 Procedures of sequential fractionation of sediment phosphate used 
in this study 
Phosphorus Fractions Reagents and Extraction Conditions 
The sediment sample was extracted with 30 ml 
Interstitial P (H2OP) , + f � • + 
distilled water tor 5 minutes. 
The sediment residue from H2OWP was extracted 
for 2 hours with 30 ml 0.05 M Ca-EDTA added 
Iron bound P (Fe(OOH)�P) 1% sodium dithionite and buffered to pH 8 
with Tris buffer. 
The residue from FeOOH«P was extracted with 
Calcium-bound P (CaCOs^P) 1 a 1 ct^ta , u ^ c r n u 
30 ml 0.1 M Na2-EDTA at pH 4.5 for 17 hours. 
The residue from CaCOs^P was extracted with 
Acid soluble organic P (Org-Pac) 0.25 MH,S04 for 30 minutes. 
The residue from Org-Pac was extracted with 30 
ml 2 M NaOH at 90 °C for 30 minutes. The 
Humic-bound P (Humic-P) NaOH extract was then acidified to pH 1 by 
50% H2SO4. The precipitate was collected by 
Whatman #44 filter paper and analysed as TP. 
The remaining NaOH extract after acid 
Fulvic-bound P (Fulvic-P) . . . � 广 , • , ^ ^ 
precipitation and filtration was analysed as TP. 
The residual pellet after NaOH extraction was 
Residual P (Res-P) analysed as o-P after autoclave digestion with 
H2SO4/K2S2O8 at 1 2 0 � C for 2 hours. 
Extractions of Fe(OOH)«P and CaCOs-P were repeated until the 
quantity extracted in the last extract was less than 10% of the sum of the 
preceding ones in order to ensure that extraction of P fractions and associated 
matrices was complete. Except for hot NaOH extraction of humic-P and 
fulvic-P which was conducted at 90 °C, all other extractions were conducted at 
room temperature with mild shaking in a water bath shaker. After each extraction 
step, the extract was collected by centrifuging the mixture at 5,000 rpm for 10 
minutes. 
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The supematants were analysed for orthophosphate by the molybdenum 
blue method (Murphy & Riley，1962). The Ca-EDTA and Na2-EDTA extracts 
were diluted by at least 20-fold before colorimetric analysis of phosphate to 
avoid interference by EDTA. In addition, the Ca-EDTA extract was analysed for 
iron content by the o-phenanthroline method following Golterman (2004). Total 
phosphorus in the extracts and residual pellets was determined by autoclave 
digestion with K2S2O8 in an acidic medium at 120 °C for 2 hours (Golterman, 
2004). 
4.2.3 Statistical Analysis 
Mann-Whitney U test was conducted to detect any significant 
differences in sediment parameters between the natural and constructed wetlands, 
as well as properties of overlying water across seasons and wetlands. Spearman 
correlation analysis was employed to investigate the relationships between P 
fractions. 
4.3 RESULTS AND DISCUSSION 
4.3.1 Physico-chemical Properties of Sediments 
This section discusses the basic physical and chemical properties of 
sediments in the Hong Kong Wetland Park and Mai Po Marshes. Table 4.2 below 
shows the sediment texture in the two Hong Kong wetlands under study. 
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Table 4.2 Soil texture in the Hong Kong Wetland Park and Mai Po Marshes 
^ s i t e Sand (%) Silt (%) Clay (%) Textural Class 
R B I 50.7 15.8 33.5 Sandy clay loam 
RB2 24.8 25.2 50.0 Clay 
F W l 69.2 9.5 21.3 Sandy clay loam 
FW2 69.7 6.7 23.6 Sandy clay loam 
FW3 56.5 14.8 28.7 Sandy clay loam 
FW4 63.2 10.2 26.6 Sandy clay loam 
FW5 69.8 12.1 18.1 Sandy loam 
FW6 5\J_ \±2 ^ Sandy clay loam 
B W l 1.2 34.8 64.0 Clay 
B W 2 3.6 31.8 64.6 Clay 
B W 3 7.4 25.5 67.1 Clay 
B W 4 9.1 26.8 64.1 Clay 
G W l 3.3 28.4 68.3 Clay 
G W 2 10.0 25.5 64.5 Clay 
G W 3 9.2 33.1 57.7 Clay 
G W 4 2.9 ^ 7 M a ^ 
Texture indicates the proportion of various-sized particles in sediments, 
which has important implications on the availability of surface area for P sorption 
and thus P retention. Sediments in the HKWP generally had a sandy clay loam 
texture, with sand content exceeding 50% (Table 4.2). This could be attributed to 
the fact that substrate in the constructed wetland was derived from coarse-textured 
decomposed granite and river sand. In mitigation wetlands of San Diego Bay and 
Pennsylvania, sediments were also found to be coarser and more compacted at the 
initial stage as there was less accretion of unconsolidated fine particles (Campbell 
et aL, 2002; Langis et al., 1991). In contrast, sediments in the Mai Po Marshes 
were largely clayey in texture with around 58 to 71% clay content recorded in the 
mangrove and gei wai. The dominance of fine particles in the Mai Po sediments 
was owing to flushing by Deep Bay water with high silt loads (Young, 1999b) and 
the ability of mangroves to trap these suspended sediments (Maxwell, 2000). 
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Tables 4.3(a) and 4.3(b) summarise the chemical properties of 
sediments in the HKWP and Mai Po Marshes respectively. Sediment pH is a key 
parameter influencing the extent of P sorption and mobility of various 
sedimentary P fractions. Sediments in both the HKWP and Mai Po Marshes were 
slightly alkaline, with no significant differences in pH values between the two 
wetlands (n=8, /7>0.05). The HKWP and Mai Po sediments had a mean pH value 
of 7.40 and 7.54 respectively, which were within the typical pH range of around 7 
found in most inundated wetland soils (Vepraskas & Faulkner, 2001). The near 
neutral pH values in anaerobic soil can be explained by the solubility equilibrium 
of FeC03 as illustrated by equation (4.1) below (Masuda & Boyd, 1994): 
FeC03 (s) + H+ = Fe2+ + UCO{ (K=10-o 勺 (4.1) 
Under this equilibrium equation, reduction in acid soil and alkaline soil 
tends to raise and lower pH towards 7 respectively (Vepraskas & Faulkner, 2001). 
The mean redox potential (Eh) values of top 5 cm sediments in the 
HKWP and Mai Po Marshes were -176 and -252 mV respectively (Tables 4.3(a) 
and 4.3(b)). As indicated by the negative Eh values, reducing conditions 
predominated in these wetland sediments owing to the supply of oxidizable 
organic matter and lack of atmospheric oxygen. Under this range of Eh values, 
Fe(0H)3，SO42- and CO2 would act as major electron acceptors in sustaining 
anaerobic metabolism of microbial activities (Reddy & D’Angelo，1994). 
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Table 4.3(a) Chemical properties of sediments in the Hong Kong Wetland Park 
Site p i Eh Total P O x - F e O x - A l T o t a l Fe Total A l L O I T K N 
mm — m g l ^ g —•»— ^^'q ————— 
R B I 7.60 -120 354 13638 2180 16793 16465 4.97 0.11 
RB2 7.63 -135 333 11270 2162 21994 26123 4.96 0.12 
F M l 7.42 -165 422 9648 1508 15744 16846 2.93 0.10 
FM2 7.20 -115 426 11330 1655 12602 11458 3.84 0.13 
FM3 7.38 -200 394 10056 1529 11538 12606 2.30 0.12 
FM4 7.35 -256 354 9889 1656 17130 21990 3.33 0.11 
FM5 7.52 -215 355 9503 1521 14832 17341 3.35 0.11 
FM6 7.60 -202 357 11928 1836 10733 11467 2.56 0.13 
7.40 -176 374 10908 1756 15171 16787 3.53 0.12 
Mean (o.o6) (17.8) (12.3) (502.3) (98.2) (1288.4) (1836.3) (0.36) (0.00) 
* On dry weight basis. 
Data were means of triplicate values. 
Values in parenthesis represent 1 standard error. 
Ox-Fe and Ox-Al: Oxalate-extractable Fe and A l 
LOI: Loss on ignition 
Table 4.3(b) Chemical properties of sediments in the Mai Po Marshes 
Site p i M Total P O x - F e O x - A l T o t a l Fe Total A l L O I T K N 
• 1X1 - ------------------------ mg kg 1 ^ - - - - - - - - - ^ / q _____ 
B W l 7.54 -30 1429 24319 3898 32630 38383 8.71 0.20 
B W 2 7.38 -232 2112 21671 3520 37239 43878 9.69 0.25 
B W 3 7.68 -247 2463 28440 4302 33579 39727 8.93 0.21 
B W 4 7.28 -218 1282 24301 4067 31058 33617 9.57 0.19 
G W l 7.60 -354 1035 15124 3389 30051 39449 11.05 0.37 
G W 2 7.63 -321 1737 18595 3314 29083 36649 11.41 0.36 
G W 3 7.67 -310 1523 20723 3545 30276 39976 11.10 0.37 
G W 4 7.57 -301 789 10681 2982 31834 33300 12.66 0.47 
7.54 -252 1546 20482 3627 31969 38122 10.39 0 30 
Mean 
(0.05) (35.8) (194.4) (1993.0) (153.0) (911.5) (1244.2) (0.49) (0.04) 
* On dry weight basis. 
Data were means of triplicate values. 
Values in parenthesis represent 1 standard error. 
Ox-Fe and Ox-Al: Oxalate-extractable Fe and A l 
LOI: Loss on ignition 
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Sediments are shown to be useful archives of past pollution levels, with 
hot spots of contamination being identified by the total nutrient levels in 
sediments (Lau & Chu, 2000). Sediments in the Mai Po Marshes had a mean total 
phosphorus (TP) level of 1546 mg kg'', which was considerably higher than the 
average value of 276 mg kg'' reported in the Sai Keng mangrove swamps located 
in eastern Hong Kong which were relatively unpolluted (Tarn & Wong, 1993). 
Higher TP concentration in surface sediments, as in the case of Mai Po Marshes, 
is typically found in eutrophic systems, where eutrophication causes an increase 
in P sedimentation (de Vicente et al, 2003). Total phosphorus in the HKWP, with 
an average value of 374 mg k g \ was significantly lower than that in Mai Po 
(p<0.01). This was expected because these substrates did not receive abundant 
organic inputs and were not influenced by eutrophic water for an extended period 
of time as in the Mai Po wetlands. Meanwhile, sediments in the HKWP had a 
moderate level of TP when compared to concentrations of 32-49 mg kg"' and 
485-1419 mg kg'' obtained in the Florida and Australian constructed wetlands 
respectively (Gale et al., 1994; Savadevan & Bavor, 1998). 
Similarly, total Kjeldahl nitrogen and organic matter estimated by loss 
on ignition were significantly higher in sediments of Mai Po Marshes than the 
HKWP (p<0.01). This corresponds to the higher nutrient loading in the water 
column and greater organic matter production by abundant biota in the well 
established Mai Po Marshes. Low organic matter content was frequently noted in 
constructed wetlands owing to the long time period required for mature 
development of organic soil (Bishel-Machung et al, 1996). Moreover, a 
discernible pattern was evident in the Mai Po Marshes where TKN (0.37-0.47%) 
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and LOI (11.1-12.7%) in gei wai no. 18 were considerably higher than those 
measured in the mangroves along the boardwalk (TKN: 0.19-0.25%; LOI: 
8.7-9.7%). This was possibly caused by less frequent tidal flushing of about 3 
times a month in gei wai as compared to twice a day in the mangroves, in addition 
to higher organic inputs produced by vegetations in the central platform of gei wai. 
Higher LOI in the gei wai would stimulate more active microbial decomposition 
of organic matter (Liang & Wong, 2003), which further explains the lower Eh 
values observed in gei wai as compared to the coastal mangrove fringe. 
Iron (Fe) and aluminium (Al) in sediments exert strong influence on P 
dynamics in wetlands due to their ability to sorb P. Significantly higher 
concentrations of mean total Fe (32.0 g kg"') and Al (38.1 g kg'') were found in 
the Mai Po sediments, which were approximately twice the amount found in the 
HKWP sediments (Fe: 15.2 g kg''; Al: 16.8 g kg.�(/7<0.01) (Tables 4.3(a) and 
4.3(b)). Total Fe concentrations obtained in the Mai Po sediments were 
comparable to the range of 21-34 g kg.� in Mai Po mudflats (Yu et al., 2000) and 
20-35 g kg-i in Queensland mangroves (Kaly et al., 1997). High total metal 
contents in Mai Po sediments could be explained partly by the significant external 
inputs from tidal water in Deep Bay and river water polluted by urban and 
industrial effluents (Tarn & Wong，2000), and partly by the presence of greater 
percentage of fine-textured silt and clay particles. 
Ammonium oxalate in an acidic medium can selectively extracts 
non-crystalline forms of Fe and Al in sediments (Pant et al., 2002), which are 
particularly important in P sorption given their relatively abundant specific 
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surface areas. As shown in Tables 4.3(a) and 4.3(b), oxalate-extractable Fe 
constituted about 72% and 64% of total Fe in HKWP and Mai Po respectively and 
thus was the dominant Fe forms in sediments of both wetlands. On the other hand, 
non-crystalline Al represents only a minor proportion of sediment Al in the two 
wetlands, making up only approximately one-tenth of the total Al amount. Overall, 
the mean oxalate-Fe (20.5 g kg"') and oxalate-Al (3.6 g kg"*) concentrations in 
Mai Po Marshes were significantly greater than those in the constructed HKWP 
(Fe: 10.9gkg-i;Al: 1.8 g kg ' ) (p<0.01). 
4.3.2 Physico-chemical Properties of Overlying Water 
Some selected physico-chemical properties of overlying water in the 
Hong Kong Wetland Park and Mai Po Marshes are summarised in Tables 4.4(a) 
and 4.4(b) respectively. In both wetlands, significantly lower pH and salinity were 
observed in the wet season (/?<0.01). This could possibly be explained by the 
greater input of freshwater though monsoonal rainfall in the summer months, 
which to some extent diluted the solute content in the water column of wetlands. 
Due to shifting of the overhead sun to the Northern Hemisphere, strong insolation 
caused a significantly higher water temperature of around 29 °C in the two 
wetlands in the wet, summer season as compared to 19-20 °C recorded during the 
winter time (p<0.01). With temperature being a major driver of various physical, 
chemical and biological cycles in wetlands (Kadlec, 1999), strong seasonal 
variations in water temperature of the Mai Po Marshes and HKWP could have 
significant impacts on the nutrient removal processes and hence treatment 
performance. 







































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































































In both wet and dry seasons, salinity was significant higher in the 
overlying water of the Mai Po wetlands than the Hong Kong Wetland Park 
(/?<0.01) (Tables 4.4(a) and 4.4(b)). This was expected since the Mai Po Marshes 
was subject to influence of tidal water from the Deep Bay, while the HKWP 
mainly received urban stormwater which was more of freshwater in nature. With a 
salinity ranging from 4.8 to 19.8 %o, the Mai Po Marshes could be classified as a 
mesohaline (moderately saline) to polyhaline (strongly saline) wetland based on 
the classification scheme put forward by Cowardin et al. (1979). Meanwhile, the 
salinity in Mai Po waters was not as high as that in seawater (-30 %o) owing to 
close proximity of the Marshes to the Pearl River Estuary. On the other hand, the 
HKWP could be classified as a freshwater to oligohaline wetland with water 
salinity lying between 0.4 and 1.6 %o. Surprisingly, water pH did not exhibit a 
similar pattern as salinity in the two wetlands under study. Despite receiving more 
saline estuarine water, the Mai Po Marshes had slightly lower water pH (7.31-8.03) 
than the HKWP (7.46-8.30). The reason for a higher pH in the freshwater HKWP 
was not exactly known, but might be partly caused by the release of alkaline 
compounds arising from construction activities during wetland creation. 
Having received heavily polluted water from the Deep Bay and nearby 
rivers, the Mai Po Marshes was highly eutrophic with severe degradation in water 
quality in the past decade (Lau & Chu，1999a). Orthophosphate concentrations in 
the Mai Po water column were approximately 50 to 100 times higher than those in 
the HKWP, depending on the season at which the samples were taken (Tables 
4.4(a) and 4.4(b)). Total nitrogen contents in the overlying water were also 
considerably higher in the Mai Po wetlands (4.90-6.74 mg L'^) than in the HKWP 
8 1 
(0.68-0.69 mg L''). When considering the effect of seasonality, significantly 
higher mean concentration of orthophosphate was recorded in the Mai Po 
Marshes in the wet season (0.97 mg L'') than in the dry season (0.37 mg L'') 
(p<0.01), which might partly be attributed to greater sediment P release under 
anoxic conditions. On the other hand, no appreciable difference in orthophosphate 
concentrations between seasons was observed in the Hong Kong Wetland Park 
{p>0.05). Nutrient concentrations in the water column are potentially affected by 
sediment-water exchange processes, which will be discussed in the latter chapters. 
It must be noted that the physico-chemical properties of overlying water reported 
in this study represented only conditions at a point of time in the wet and dry 
seasons. Owing to diurnal and monthly variations and sporadic storm events, a 
wider range of values is expected to be found in the water column of wetlands at 
different times. 
4.3.3 Phosphorus Fractionation in Sediments 
4.3.3.1 Phosphorus Fractions in Sediments of The Hong Kong Wetland Park 
Phosphorus bounded in sediments is the result of very complex 
interactions between numerous physical, chemical and biological factors (Fabre et 
aL, 1999). Sedimentary P can exist in various forms, which differ in mobility and 
are subject to release under a suite of environmental conditions. This study is 
the first of its kinds in Hong Kong to unravel the phosphorus fractionation pattern 
in wetland sediments. Distribution of phosphorus fractions in sediments of the 
Hong Kong Wetland Park is given in Table 4.5. The sums of all P fractions at the 
eight sites were close to the TP values obtained by mixed acid digestion, with the 























































































































































































































































































































































































































































































































































































































































































In general, the sum of inorganic P (Fe(OOH)«P and CaCOs^P) in the 
HKWP sediments was higher than the sum of organic P fractions (Org-Pac， 
humic-P and fulvic-P) and exceeded 50% of total P fractions. Percentage-wise, 
Fe(OOH)«P was the dominant form of phosphorus in the reedbeds (RBI and 2) 
and freshwater marshes (FMl-3)，comprising 32-59% and 42-54% of the sum of 
all P fractions respectively (Fig. 4.2). Overall, concentrations of Fe(OOH)«P in 
the HKWP (104-218 jig g'') were not particularly high, with similar values being 
obtained in an Argentine surface flow constructed wetland (107-138 jig g"') 
(Maine et al, 2005) and a French freshwater marsh (26-174 ng g'') (De Groot & 
Fabre, 1993). Except for RB2, Fe(OOH)«P concentrations in the five sites closer 
to the water inflow (175-218 |ig g"') were relatively higher than those obtained in 
FM4-6 located farther away from the water source (104-123 |ig g"') (Fig. 4.3). 
Higher Fe(OOH)«P content was also observed in the inlet zone of an artificial 
wetland in Argentina, which could be explained by greater adsorption of 
phosphate onto Fe(OOH) particles owing to the supply of phosphate-containing 
influent water (Maine et al., 2005). 
The extraction of Fe(OOH)«P involves the use of Ca-EDTA solution 
added with 1% dithionite. Dithionite acts a reducing agent to speed up the 
dissolution of FeOOH and the dissolved Fe^^ ions are complexed with EDTA to 
prevent Fe precipitation, as illustrated by the reaction below (Golterman, 1996): 
Fe(OOH)«P + Ca-EDTA + Fe-EDTA + o-P + Ca^^ (4.2) 
Thus, besides Fe(OOH)»P, the amount of FeOOH can be concurrently determined 
by analyzing for Fe^ "^  concentrations in the EDTA extract. During the Ca-EDTA 







































































































































































































































































































































































































































































solubilised while those fixed in the crystal lattices are not being attacked 
(Golterman, 1988). Concentrations of FeOOH were found to range from 8.3 to 
14.8 mg g-i in the HKWP sediments, which were considerably higher than values 
of 2.2-7.5 mg g"' reported in freshwater marshes in France (De Groot & Fabre, 
1993) and 2.3-4.9 mg g"^  in Spanish freshwater ponds (Diaz-Espejo et al., 1999). 
This could be attributed in part to the origin of these constructed wetland 
substrates, where completely decomposed granite after undergoing strong 
weathering and leaching usually has high Fe concentrations (Fabre et al, 1999). 
Concentrations of only 0.8-5.1 \ig g"' were recorded for interstitial and 
loosely bound P extracted with distilled water in the HKWP sediments (Table 4.5), 
which accounted for only 0.2-1.5% of the sum of all P fractions. Such a 
proportion was comparable to 0.7-2.7% TP reported in Italian deltaic sediments 
(Barbanti et al, 1994) and the order of 1% in coastal lagoons in France (Moutin et 
al, 1993). The majority of P loading entering the aquatic systems is either 
retained by sediments in various fractions through numerous physical and 
chemical mechanisms, or taken up by planktons and plants which subsequently 
return to sediments in organic forms. Hence, HzOwP represented only a minor 
fraction in terms of the magnitude but was potentially ecologically important due 
to its bioavailability and exchangeability with sediment and overlying water 
column. Similar to the case of Fe(OOH)«P, higher concentrations of H20«P in the 
reedbed sediments were likely a result of greater nutrient loadings received from 
the inflow of urban stormwater. 
No discernible spatial pattern was observed for CaCOs^P in the HKWP 
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sediments. Concentrations of CaCOs^P ranged between 51 and 105 |ig g'', 
comprising approximately 15-31% of the amount of total sediment P (Figs. 4.2 
and 4.3). This fraction was not as dominant as Fe(OOH)«P in the HKWP since 
the sediments were not calcareous in nature. Calcium content in the HKWP 
sediments was believed to originate from calcareous remains (e.g. crustacean 
shells) deposited on pond soil and calcium oxides augmented during the 
preparation of substrates for wetland construction. 
Taking the acid soluble and alkali soluble organic P together, organic 
phosphorus was the largest P fraction in sediments of the larger freshwater marsh 
at FM4-6, contributing to 33-36% of the sum of all P forms (Fig. 4.2). The 
amounts of organic P solubilised by 0.25 M H2SO4 at the eight sampling sites 
were within the range of 30-60 |ig g \ which were close to 49-75 \ig g"^  reported 
in a constructed wetland in Argentina (Maine et al., 2005). On the other hand, the 
amounts of humic-P and fulvic-P extracted with hot NaOH were found higher at 
FM2-6 in the freshwater marshes (Fig. 4.3). Mean concentrations of 12 and 67 |ig 
g-i were obtained for humic-bound and fulvic-bound P at FM2-6 respectively, 
which were considerably higher than the corresponding values of 3 and 32 i^g g"' 
determined at the three sites closest to the water inflow (RBI, RB2 and FMl). 
This may be explained by the presence of different plant species in the HKWP, 
given that common reed {Phragmites australis) and sedges were dominant in the 
reedbeds and freshwater marshes respectively. It has been reported that emergent 
macrophytes (e.g. Juncus subulatus) could supply organic phosphorus to 
sediments to a much greater extent than the common reeds (Reina et al., 2006). In 
addition, as observed in the field, open water areas in the freshwater marshes were 
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covered with dense mats of submerged aquatic vegetation, which could in some 
ways contribute to the high organic P content in these sediments. 
4.3.3.2 Phosphorus Fractions in Sediments of the Mai Po Marshes 
Phosphorus fractions in the mangrove and gei wai sediments of the Mai 
Po Marshes were studied. Distribution of sedimentary P fractions at the eight 
selected sites is given in Table 4.6. The mean difference between the sum of all P 
fractions and the amount of TP obtained by mixed acid digestion was 3.8 士 2.1o/o. 
In spite of the presence of abundant organic matter arising from high 
ecological productivity, the magnitude of inorganic P pools was much greater than 
their organic counterparts in the Mai Po sediments. Fabre et al. (1999) also found 
that inorganic P fractions were always greater than organic P in the French 
Guianese mangroves, especially in the dead stage. Fe(OOH)«P and CaCOs^P 
fractions in the Mai Po sediments together added up to over 50% of the sum of all 
P fractions, and even exceeded 80% at all mangrove sites (BWl-4) and the central 
portion of gei wai no. 18 (GW2-3) (Fig 4.4). Similarly, around 55-68% of total P 
was reported to be associated with the inorganic P fractions in sediments of the 
Mediterranean lagoon (Paing et al, 1999). 




































































































































































































































































































































































































































































































































































































































































































































































































































































































































































Of the two major inorganic P forms, Fe(OOH)«P fraction was 
overwhelmingly dominant in sediments of the Mai Po Marshes. Except at GWl 
and GW4, Fe(OOH)~P accounted for 58-75% of the sum of all P fractions with 
concentrations ranging from 765 to 1346 |ig g"' (Figs. 4.4 and 4.5). This was 
significantly greater than the values of 104-218 昭 g"' obtained in the Hong Kong 
Wetland Park (/7<0.01), 18-91 \ig g"' in Spanish coastal lagoons (di Vicente et al, 
2003) and 207-476 |ig g"' in French mangroves (Fabre et al, 1999). Such high 
concentrations of Fe(OOH)»P were indicative of the importance of sorption 
processes in these sediments. Phosphate was suggested to be preferentially bound 
to FeOOH particles (Golterman, 1988), which was supported by findings of an 
adsorption study conducted on riverine sediments that over 85% of the P added 
was recovered in the Fe(OOH)«P fraction (De Groot & Fabre, 1993). 
Concentrations of FeOOH in the Mai Po sediments, ranging from 8.3 to 25.4 mg 
g-i, were significantly higher than those in the HKWP sediments (p<0.01) (Table 
4.6). Having received hypereutrophic water that was rich in phosphate, Mai Po 
sediments retained considerable amount of phosphate predominantly as 
Fe(OOH)«P with the large availability of active FeOOH surfaces. In addition, 
re-adsorption of mineralised P during sediment resuspension and the supply of 
suspended matter with possibly high mineral P content from rivers in the 
watershed may explain in part the high sediment Fe(OOH)«P content (Fabre et al” 
1999; Silva & Sampaio, 1998). Much lower Fe(OOH)«P concentrations were 
found at GWl (391 i^g g"') and GW4 (224 |ig g ' ) . At GW4, low concentration of 
Fe(OOH)«P was likely a result of the low abundance of sediment FeOOH (8.3 mg 
g-i)，while at GWl the cause was less certain. It is believed that flushing of tidal 
water following manual opening of sluice gate might wash out some of the 
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Fe(OOH)«P in sediments of GWl, which was located closest to the coastal end of 
gei wai. 
Concentrations of water-extractable P fraction ranging between 10 and 
62 p.g g-i were obtained in the Mai Po sediments. While accounted for only less 
than 5% of the total phosphorus content (Fig. 4.4)，H20~P fraction in the Mai Po 
sediments was already significantly higher than that detected in the Hong Kong 
Wetland Park. Levels of Fe(OOH)~P and H20~P were indeed controlled by a 
dynamic equilibrium between the solid FeOOH phase and the dissolved phase in 
porewater. When phosphate is adsorbed onto the surface of sediment FeOOH, a 
concomitant increase in porewater P usually occurs (Golterman, 1998). Under a 
high P loading in the Mai Po wetlands, adsorption of P was enhanced which 
subsequently led to high concentrations of Fe(OOH)wP and H20~P in the 
sediments. In sediments of the two Hong Kong wetlands under study, Fe(OOH)«P 
was shown to be highly and significantly correlated with the H2CNP concentration 
(r=0.80,j!7<0.01). 
Mai Po sediments had CaCOa^P concentrations between 142 and 555 
|ig g-i at the eight sites (Fig. 4.5), which were similar to the range of 217-338 |Lig 
g"' and 106-418 fig g'' reported in the Spanish coastal lagoons (di Vicente et al., 
2003) and Mediterranean lagoons (Gomez et al., 1998) respectively. As compared 
to calcareous sediments which could have Ca-bound P as high as 48% (Moutin et 
al., 1993), CaC03«P just represented approximately 9-27% of the sum of all P 
fractions in the Mai Po sediments (Fig. 4.4). Surface adsorption of P onto CaCO� 
has been suggested to occur only when no additional P can be bound onto FeOOH 
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and the solubility product is exceeded following an increase in Fe(OOH)«P and 
porewater P concentrations (Golterman, 1998). CaCOs has no influence on the 
partitioning of P between the FeOOH and CaCOs phases as indicated by the phase 
diagram, and it has been shown that the majority of P loads was being bound to 
FeOOH even in calcareous soil with CaCOs and Fe contents of 20% and 0.5% 
respectively (Golterman, 1988). This probably explains the dominance of 
Fe(OOH)»P over CaCOs^P in the sediments of Mai Po Marshes. 
The various organic forms of P in Mai Po sediments in sum comprised 
only 7-33% of the total P amount (Fig. 4.4), yet in terms of the magnitude, Mai Po 
sediments had significantly higher organic P concentrations of 118-254 jig g"', as 
compared to those of the HKWP (58-138 |ig g"') (p<0.01). It is worth noting that 
the actual amount of sediment organic P was likely to be underestimated, since 
some of the metal-P-organic complexes were extracted with Ca-EDTA and 
Na2-EDTA but not determined for P, although such amounts were believed to be 
of minor importance (De Groot & Fabre，1993). Moderate concentrations of acid 
soluble organic P ranged from 47 to 98 [ig g'' were obtained in sediments of the 
Mai Po wetlands, totalling less than 10% of the sum of all P fractions. Similar 
concentrations (37-143 |ig g'^) have been recorded in the Vernier Marsh ponds 
and French mangroves (Fabre et al., 1999; Mesnage et al., 2002) while lower 
values in the range of 8-31 |ig g'' were reported in the Spanish freshwater ponds 
(Diaz-Espejo et al., 1999) and Mediterranean lagoons (Mesnage & Picot，1995). 
Meanwhile, concentrations of 11-34 and 59-147 |a,g g'' were obtained for humic-P 
and fulvic-P respectively at the eight Mai Po sampling sites. Overall, the high 
organic P content in the Mai Po sediments was likely a result of significant 
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organic inputs from plant litter prolificacy produced by mangroves and deposition 
of abundant dead algal matter in the eutrophic water column. 
4.3.3.3 Phosphorus Fractions in Relation to Mobility and Bioavailability 
The mobility of sedimentary P varies with different P fractions. For the 
purpose of selecting the best management practices in safeguarding water quality, 
it is important to know the distribution of various P fractions and the conditions 
under which these P forms will be mobilised. Also, an understanding of the 
amount of bioavailable P is suggested to be essential for describing the trophic 
state of an ecosystem (de Vicente et al., 2003). Thus, this section serves as an 
extension to the P fractionation results presented in the previous section by 
elucidating the mobility and bioavailability of different P forms in sediments of 
the two Hong Kong wetlands. 
As discussed previously, FeOOH plays a major role in the adsorption of 
dissolved phosphate by wetland sediments. The reduction in the ratio of FeOOH 
to Fe(OOH)«P (by weight) indicates the occurrence of P adsorption onto iron 
oxyhydroxides (Gomez et al, 1999). The low ratio of FeOOH to Fe(OOH)«P 
mass (12-42) found in the Mai Po sediments suggests that significant amount of 
phosphate had been adsorbed, as compared to the much higher ratio of 55-115 
obtained in the HKWP. Yet, such ratio is insufficient to shed light on the sediment 
adsorption capacity, which is indeed more affected by the magnitude of FeOOH 
pool in sediments (Gomez et al., 1999). When the amounts of sediment FeOOH 
and Fe(OOH)»P are expressed in moles, the molar ratio normally exceeds 10 
since adsorption energy effectively reduces at decreasing Fe:P ratios (Miltenburg 
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& Golterman, 1998). Mai Po sediments had a mean molar FeOOH to Fe(OOH)«P 
ratio of 12.4, which suggested that sediment P sorption capacity was highly 
saturated and further adsorption of P would be rather difficult from the 
perspective of thermodynamics. 
Results from bioassays indicate that Fe(OOH)«P is a bioavailable P 
source for phytoplankton growth (Mesnage & Picot，1995). A strong and positive 
correlation was reported between Fe(OOH)«P extracted by NTA and algal 
available P in the 12 Netherlands sediments (r=0.88), which suggested this 
Fe-bound P form to be a good estimate of bioavailable P (Fabre et al., 1996). 
Fe(OOH)wP is considered a redox-sensitive P fraction, which is subject to 
mobilization upon a reduction in redox potential and subsequent dissolution of 
FeOOH particles. While it is argued that the release of Fe(OOH)«P is 
thermodynamically unlikely owing to limited reducing capacity provided by 
organic matter (Golterman, 1998; 2001b), the release of P from the Fe(OOH)«P 
fraction under reducing conditions has been demonstrated empirically in the 
lagoon (Gomez et al., 1998) and lake sediments (Numberg, 1988). In view of the 
high Fe(OOH)=«P and organic matter concentrations in the Mai Po sediments, 
there is potentially a great risk of P release from FeOOH to the overlying water 
column under strongly anoxic conditions especially in the summer months when 
anaerobic decomposition by microbial communities is active under high 
temperature. Meanwhile, the formation of Fe-humic-P complexes would require a 
much lower redox values for reduction and hence could reduce the bioavailability 
of P in the short term (Gomez et aL, 1999). 
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Besides adsorption of phosphate onto FeOOH, precipitation of P with 
calcium ions or co-precipitation with CaCOs are other key mechanisms in 
controlling P exchange between sediment and overlying water (Golterman, 1998). 
Apart from direct precipitation in the water column, inorganic calcium phosphate 
can also be formed when phosphate is released from the Fe(OOH)»P fraction into 
the Ca-rich interstitial water (Moutin et al, 1993). These calcium precipitates 
could take various forms, for example, apatite [Ca5(P04)3.0H], dicalcium 
phosphate, tricalcium phosphate, and octacalcium phosphate (Gomez et al., 1999). 
The mobility of these CaCOs^P is rather low, particularly following a burial 
process, when apatite and carbonate fluoroapatite are present as dominant 
calcium-bound P forms. On the other hand, freshly precipitated CaC03«P like 
those in the surface sediments of the Mai Po estuarine wetlands is considered 
more readily available to aquatic life (Gomez et al, 1999). 
Generally, sedimentary CaCOs^^P is considered to be a bioavailable P 
fraction (Diaz-Espejo et al, 1999). A case study of riverine sediments in France 
has demonstrated a significant correlation between the amount of CaCOs^P 
extracted by Na2-EDTA and the algal available P content (r=0.77,p<0.001) (Fabre 
et al., 1996). Meanwhile, the mobility and bioavailability of CaCOs^P are highly 
dependent on pH. Co-precipitation of P with calcite and formation of 
hydroxyapatite are enhanced under high pH values (Gomez et al., 1998), while 
the dissolution of CaCOs^P is promoted at low pH (Gomez et al., 1999). 
Sediments in the Mai Po Marshes were expected to have stronger acidity owing to 
intense mineralization of the abundant organic matter present and subsequent 
production of carbon dioxide gases (Maine et al., 2005). Moreover, in this study, 
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concentrations of CaCOs^P in the Mai Po sediments (142-555 \xg g"') were found 
to be more than twice the values obtained in the HKWP (51-105 i^g g''). Hence, 
CaC03«P in the Mai Po sediments had a greater potential to be mobilised into the 
interstitial water and overlying water column for biotic uptake. 
Among the various organic P fractions extracted by the EDTA method, 
higher mobility is often associated with the acid soluble organic P fraction 
(Org-Pac). As De Groot (1990) suggested, the Org-Pac fraction is chemically well 
defined with at least three possible chemical structures, including: (1) acid soluble 
organic compounds with C-O-P bonds; (2) complexes of polyvalent cations, 
organic molecules and inorganic phosphates; and (3) phosphates from living cells. 
Some simple biochemical compounds, e.g. nucleic acids, sugars and lipids, are 
also likely to be found in this fraction (Paing et al., 1999). Most of the organic P 
hydrolysed and mineralised by microbes is originated from the Org-Pac fraction 
and thus this fraction is highly bioavailable and ecologically important (De Groot 
& Golterman，1993). With considerable input of fresh organic materials, in 
particular the rich algal particulate matter from eutrophic water, Mai Po sediments 
had significantly higher Org-Pac concentrations and thus more readily available P 
than the HKWP sediments. 
In contrast to Org-Pac, the alkali soluble P fraction (Org-Paik) is less 
readily mineralised to a simpler, available form for use by organisms 
(Diaz-Espejo et al,, 1999). This fraction mainly originates from the remains of 
vascular plants which are more difficult to be degraded with a complex structure 
(Kristensen et al, 1995). Org-Paik fraction can be divided into two major P forms, 
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viz. humic-bound and fulvic-bound P. Humic and fulvic acids are some 
intermediate compounds produced along a sequence of decomposition of plant 
polymers (Wetzel, 1993). Enzymatic hydrolysis of hot NaOH extract with phytase 
suggests that a significant portion of fulvic-bound P could be present in the form 
of phytate (inositol phosphate) (Paing et al, 1999). With a high stability 
especially when bound to FeOOH, phytate can accumulate in sediments over a 
long period of time (De Groot & Golterman，1993). However, phytate can also be 
mineralised and become bioavailable subject to the activity of extracellular 
enzymes, e.g. phytase (Serrano et al, 2003). On the other hand, humic acids, 
having evolved from fulvic acids, are highly resistant organic substances 
accumulated in the wetland sediments. As such, phosphorus associated with these 
humic acids is very difficult to be mobilised and has rather low bioavailability 
(Mesnage et al, 2002). 
4.4 CONCLUSIONS 
The physico-chemical properties of sediments and overlying water and 
distribution of various sedimentary P fractions in the Mai Po Marshes and the 
Hong Kong Wetland Park have been presented in this chapter. Based on the 
results, the following conclusions could be drawn: 
1) Significantly higher rates of nutrient accumulation were found in 
sediments of the Mai Po Marshes than those of the HKWP. Mean 
concentrations of total phosphorus, TKN, and organic matter in the Mai 
Po sediments were 1546 mg kg"\ 0.30% and 10.39% respectively, 
indicating the wetland as a potential hot spot of contamination. 
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2) Sediments in the Mai Po Marshes were highly clayey while the HKWP 
sediments had a sandy clay loam texture with sand content exceeding 
50%. Apart from a finer grain size, the Mai Po sediments also had 
significantly higher mean concentrations of oxalate-extractable Fe (20.5 
g kg-i) and Al (3.6 g kg'^) which provided abundant surface areas for P 
adsorption, 
3) Overlying water of the eutrophic Mai Po Marshes had significantly 
higher salinity and concentrations of orthophosphate, total phosphorus 
and total nitrogen. Moreover, significantly higher temperature and 
lower pH and salinity were recorded in the wet season in both the Mai 
Po Marshes and the HKWP owing to the influence of summer monsoon. 
Furthermore, average orthophosphate concentrations in the Mai Po 
water column were found to be significantly higher in the wet season 
(0.97 mg L.i) than the dry season (0.37 mg L''). 
4) Results of chemical fractionation show that the sum of inorganic P 
pools was greater than the sum of their organic counterparts and 
exceeded 50% of total P content in sediments of the two wetlands. 
Fe(OOH)»P was the dominant sedimentary P form, comprising 32-59% 
and 31-75% of the sum of all P fractions in the HKWP and Mai Po 
Marshes respectively. Mai Po sediments, with a very high average 
Fe(OOH)»P concentration of 912 |ig g"', had a great potential to release 
P into the water column under anoxic conditions. 
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5) Sediments in the Mai Po Marshes had significantly higher 
concentrations of Fe(OOH)»P, CaC03«P, Org-Pac, and Org-Paik than 
those of the HKWP, since the Mai Po wetlands received substantial 
amount of inorganic and organic nutrients from the hypereutrophic 
water, abundant plant litter and dead algal matter. As such, sediment 
phosphate in the Mai Po Marshes would more readily be mobilized into 
the water column and become bioavailable subject to favourable 
environmental conditions (e.g. low Eh for Fe(OOH)«P, low pH for 
CaC03«P, high temperature for org-P, etc.). 
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CHAPTER FIVE 
PHOSPHORUS SORPTION BY WETLAND 
SEDIMENTS IN HONG KONG 
5.1 INTRODUCTION 
Phosphorus sorption by wetland sediments plays a vital role in the 
regulation of porewater P levels, which further influences diffusive P flux and P 
bioavailability (Richardson & Vaithiyanathan, 1995; Sundareshwar & Morris, 
1999). As the magnitude of P sorption is finite and limited (Richardson & Craft, 
1993), the determination of maximum P sorption capacity is essential to help 
better predict the long-term sustainability of sediments in assimilating additional P. 
Moreover, the amount of P adsorbed by wetland sediments is potentially affected 
by water residence time, as short duration of contact between the water column 
and sediments may limit the attainment of equilibrium conditions (Lopez et al., 
1996). In this regard, information on sorption kinetics should be collected to 
enhance the understanding of P sorption behaviour and provide parameter data for 
use in sediment flux modelling (Appan & Wang, 2000). 
Sorption processes buffer changes in interstitial water P concentrations 
by trying to maintain a dynamic equilibrium between phosphate in the sediment 
particulate phase and those in the porewater solution phase: in general, there is a 
net adsorption of P when inorganic P is added at a concentration significantly 
greater than that in porewater, while a net desorption of P by sediments occurs at 
low P loadings in the overlying water (Reddy et al, 1999a). Phosphorus sorption 
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is affected by various physico-chemical properties of the sediments and overlying 
water, including pH, Eh, temperature, sediment composition and dissolved P 
concentrations (Carignan & Vaithiyanathan, 1999; Redshaw et al., 1990). To 
effectively manage water quality, it is crucial to identify the conditions under 
which sediments adsorb and desorb P and the effects of various environmental 
parameters on P sorption. 
In view of the above, specific objectives of this chapter are four-fold: 
1) To determine the phosphorus sorption parameters of sediments in the 
HKWP and Mai Po Marshes; 
2) To examine the conditions under which sediments in the two wetlands 
adsorb and desorb P; 
3) To investigate the phosphorus sorption kinetics of wetland sediments in 
Hong Kong; 
4) To study the effects of selected environmental factors (pH, salinity, and 
temperature) on P sorption by sediments in the two wetlands. 
5.2 METHODOLOGY 
5.2.1 Sample Collection and Analysis 
For the study of P sorption, replicate sediment cores were collected in 
the HKWP and Mai Po Marshes in January and June 2005 respectively. Sediment 
samples in the two wetlands were collected at different times of year given the 
constraints of resources and time in sampling and laboratory analysis. Details 
regarding the methods of collection of sediment and porewater samples and 
analysis for orthophosphate in the supematants were presented in Chapter 3. 
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5.2.2 Batch Incubation Experiments 
Phosphorus sorption characteristics of wetland sediments in Hong Kong 
were investigated using batch incubation experiments. One gram (dry weight) of 
fresh sediments were added to a series of 50 ml centrifuge tubes containing 30 ml 
of 0.01 MKCl solution spiked at ten different initial P concentrations (0，0.03，0.1, 
0.2，0.5, 1，5, 10，50 and 100 mg P L'' as KH2PO4). Sediments were neither dried 
nor sieved, since drying and sieving could lead to oxidation of sediments and thus 
alterations in P sorption capacity (Cyr & Numberg，2005). KCl solution was used 
to maintain ionic strength while no pH buffer was applied which would otherwise 
compete for sorption sites with phosphate ions (Zhou et al., 2005). Two drops of 
chloroform were added to the solution mixture to inhibit microbial activities and 
the tubes were then shaken in a water bath shaker at 200 rpm at 25 士 1°C for a 
24-hour equilibration period. The suspensions were then centrifuged at 5000 rpm 
for 10 minutes and an aliquot of the supernatant was immediately analysed for 
orthophosphate. The experiments were conducted in triplicate and the amount of P 
sorbed by wetland sediments was calculated as the difference between the mass of 
P initially added and P recovered in solution after the 24-hour equilibration. 
Immediately after the 24-hour adsorption incubations, desorption 
experiments were conducted on the remaining sediment residues. Residues in the 
tubes were shaken with 30 ml of P-free 0.01 MKCl solution for another 24 hours 
at 25 士 1°C. The suspensions were then centrifuged and the supernatant analysed 
for orthophosphate concentrations. The mass of P recovered in KCl solution was 
assumed to be the amount of P desorbed by wetland sediments. 
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5.2.3 Sorption Kinetics 
Sorption kinetics of wetland sediments in Hong Kong were studied 
using samples collected at RBI, FM4, BW3 and GW3 to represent the HKWP 
reedbeds, freshwater marshes, Mai Po mangroves and gei wais respectively. 
Approximately 5 g (d.w.) of fresh sediments was added to a series of 250 ml 
conical flasks containing 150 ml of 0.01 MKCl solution spiked at two different P 
levels (viz. 20 and 50 mg P L''). The two initial P concentrations used were much 
higher than the ambient P concentrations so as to ensure the occurrence of a net P 
adsorption for kinetics study. Following the addition of 2 drops of chloroform, the 
flasks were immediately covered with parafilm and constantly shaken on a 
ping-pong shaker at 200 rpm. At 11 different time intervals (0.17，0.5, 1, 2, 4，6，9, 
12, 24，48 and 72 hours), 5 ml of sediment sample was collected from each flask 
and then centrifuged at 5000 rpm for 10 minutes. The supernatant was analysed 
promptly for orthophosphate concentration. The experiments were conducted in 
duplicate and the sediment to solution ratio was assumed to be constant 
throughout the incubation period. 
5.2.4 Effects of Selected Environmental Factors on Phosphorus Sorption 
The effects of pH on P sorption were investigated by adding 1 g (d.w.) 
fresh sediments collected at RBI, FM4, BW3 and GW3 into a series of 50 ml 
centrifuge tubes containing 30 ml of 0.01 M KCl spiked at a concentration of 10 
mg P L''. Initial pH of the suspensions was adjusted manually to 13 different 
levels ranging from pH 1 to 13, by dropwise addition of 1 M HCl or 1 M NaOH. 
Buffer was not added to maintain constant pH since it could compete with P for 
sorption sites. After incubating the tubes in a water bath shaker at 25 °C for 24 
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hours, the sediment suspensions were centrifuged and supernatant analysed for P. 
The initial pH and final pH after 24-hour equilibration of the sediment 
suspensions were measured by means of an Orion pH glass electrode. Owing to 
the limited number of centrifuge tubes available for incubating sediments in batch 
with a wide pH range, the experiments were conducted only in duplicate. 
The effects of salinity on P sorption were examined by adding triplicate 
samples of 1 g (d.w.) fresh sediment collected at RBI, FM4, BW3 and GW3 into 
a series of 50 ml centrifuge tubes containing 30 ml of synthetic seawater diluted 
to 5 different salinity levels (viz. 0.5，1, 5, 15 and 30 %o). The suspensions were 
spiked at 10 mg P L'' and shaken for 24 hours in a water bath shaker at 25 °C. 
After centrifugation, the supernatant was analysed for orthophosphate content. 
The effects of temperature on P sorption were examined by adding, in 
triplicate, 1 g (d.w.) fresh sediment collected at RB2, FM4, BW2 and GW3 into a 
series of 50 ml centrifuge tubes containing 30 ml of 0.01 M KCl spiked at 5 
different P levels (2.5, 5, 7.5, 10 and 15 mg P L"'). The tubes were then incubated 
for 24 hours in a water bath shaker maintaining at three different temperatures 
(viz. 15, 20 and 30 °C) in three separate batches. The suspension was then 
centrifuged at 5000 rpm for 10 minutes and the supernatant analysed for P. 
5.2.5 Estimation of Sorption Parameters 
Sorption data obtained from batch incubation experiments were fitted 
into two commonly used adsorption models, namely the Langmuir and Freundlich 
models, by non-linear regression using Microcal Origin 7.0. The P sorption 
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maximum (Smax) and bonding energy constant (k) of wetland sediments in Hong 
Kong were estimated by the Langmuir adsorption isotherm, which was illustrated 
by equation (5.1): 
S, + So = Sn .axkC/ ( l+kC) (5.1) 
where 
Si = Amount of P sorbed during sorption experiment (mg P kg"') 
So = Amount of native sorbed P (mg P kg"') 
Smax = P sorption maximum (mg Pkg' ' ) 
k = Bonding energy constant (L mg P'^) 
C = Equilibrium P concentration after 24-hour equilibration (mg P L'') 
As sediment samples had been subject to different levels of P 
fertilization prior to batch incubation, the actual total amount of P sorbed (S) was 
calculated by adding the amount of native sorbed P (So) to the amount of P 
sorbed during the sorption experiment (Si) (D'Angelo et al., 2003). 
Oxalate-extractable P was assumed to represent the P initially sorbed by 
amorphous iron and aluminium in sediments (Freese et al.’ 1992). 
Sorption data were also fitted to the Freundlich adsorption isotherm 
given in equation (5.2) to determine the Freundlich adsorption constant of the 
sediments: 
S = KC' (5.2) 
where 
S = Total amount of P sorbed by sediments (mg P kg"^) 
K = Freundlich adsorption constant (L kg"^) 
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C = Equilibrium P concentration after 24-hour equilibration (mg P L'') 
b 二 Empirical constant relating to sorption intensity (b < 1) 
5.2.6 Statistical Analysis 
Mann-Whitney U test was conducted to detect any significant 
differences in sorption parameters between the two wetlands. Spearman 
correlation analysis was employed to investigate the relationships between P 
sorption parameters and sediment physico-chemical properties. 
5.3 RESULTS AND DISCUSSION 
5.3.1 Phosphorus Sorption Parameters of Wetland Sediments 
5.3.1.1 Phosphorus Adsorption Isotherms 
Sorption isotherms are useful in concisely summarising large amounts 
of sorption data and effectively illustrating the relationship between aqueous 
concentration of adsorbate and the amount adsorbed by the solid phase sorbent at 
constant temperature (Stumm & Morgan, 1996). The Langmuir adsorption 
isotherm assumes the occurrence of monolayer adsorption with uniform binding 
energy (Rhue & Harris, 1999), whilst the Freundlich adsorption isotherm assumes 
the presence of chemosorption processes in addition to surface adsorption 
(Sundareshwar & Morris, 1999). Sorption data of the two wetland sediments were 
described only fairly by the Langmuir isotherm, with r^ values ranging from 0.51 
to 0.75 (Tables 5.1(a) and 5.1(b)). In contrast, sorption data were well fitted by the 
empirical Freundlich isotherm with r^ values over 0.9，which implied that more 
complex mechanisms other than surface adsorption were involved in P sorption 
by the two sediments (Sundareshwar & Morris，1999). 
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Figure 5.1(a) Phosphorus adsorption isotherms of sediments in the Hong Kong 
Wetland Park. Lines are Freundlich isotherms fitted to the data. 
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Figure 5.1(b) Phosphorus adsorption isotherms of sediments in the Mai Po 
Marshes. Lines are Freundlich isotherms fitted to the data. 
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Figures 5.1(a) and 5.1(b) illustrate the phosphorus adsorption isotherms 
of the HKWP and Mai Po sediments respectively. The Langmuir adsorption 
isotherm provides a useful estimate of theoretical adsorption maxima values 
(Drizo et al, 1999). Phosphorus sorption maxima (Smax), as a measure of the 
capacity of sediment-water systems in removing P (Gale et al., 1994)，were found 
significantly higher in the Mai Po sediments (1642-3582 mg kg—!) than the HKWP 
sediments (478-858 mg kg'') (p<0.01) (Tables 5.1(a) and 5.1(b)). Meanwhile, Smax 
values obtained in the HKWP were moderately high compared to other 
constructed wetlands, with lower ranges of 5-526 and 196-281 mg kg"^  reported in 
the Florida stormwater treatment area (Pant et al, 2002) and Florida constructed 
wetlands (Gale et al., 1994) respectively. Moreover, influent water in the HKWP 
would first flow through an oyster shell bed before reaching the reedbed and 
freshwater marshes. The use of oyster shell has been shown to effectively increase 
the adsorption capacity of filter medium and thus longevity of constructed 
wetland in removing P (Seo et al., 2005). 
By expressing oxalate-extractable P as a percentage of P sorption 
maximum, the degree of P sorption saturation could be obtained (D'Angelo et al, 
2003). Having received hypereutrophic tidal water, Mai Po sediments had a mean 
P sorption saturation of 66% which was higher than the 48% saturation 
determined in the HKWP sediments. Significantly lower mean Langmuir bonding 
energy constant (k) of 13.9 L mg'' was obtained in the more P-saturated Mai Po 
sediments, suggesting that sites with lower bonding energy constituted the 
majority of additional P sorption capacity (Fang et al., 2005). This was in line 
with the low molar ratio of sediment FeOOH to Fe(OOH)«P (-12) reported in 
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Mai Po wetlands and the subsequent implication that further P sorption was 
difficult with the low bonding energy as discussed in Chapter 4. On the other hand, 
sorption of P by HKWP sediments was energetically more favourable with higher 
mean FeOOH to (FeOOH)«P ratio and bonding energy constant of 43 and 59.7 L 
mg-i respectively. 
Besides the Langmuir isotherm, the Freundlich adsorption isotherm also 
provides useful information with regard to sediment sorption behaviour. The 
Freundlich adsorption constant (K) gives a good measure of the relative sorption 
capacity of sediments by indicating the amount of P sorbed from a solution with 
unit equilibrium P concentration (Sakadevan & Bavor, 1998). Sediments in the 
Mai Po Marshes had significantly higher Freundlich K of 1124-3056 L kg.� than 
the HKWP sediments (417-672 L kg"') (Tables 5.1(a) and 5.1(b)). While a 
positive and significant correlation was obtained between Freundlich K and 
Langmuir Smax (r=0.97, /KO.Ol), it should be noted that the two terms were 
actually referring to different characteristics (Cheung & Venkitachalam, 2000) 
and thus not necessarily related (Sakadevan & Bavor，1998). Given the 
significantly higher Langmuir Smax and Freundlich K obtained, sediments in the 
Mai Po Marshes exhibited both a higher maximum sorption capacity at high 
solution P concentrations and relative sorption capacity at a low solution P 
concentration of 1 mg L"', as compared to the HKWP sediments comprising pond 
bund materials and river sand. 
Adsorption of P onto metal oxide surfaces of sediments is potentially 
reversible depending on the type of reactions involved and time of incubation 
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(Barrow, 1979; Rhue & Harris, 1999). The difference between the amount of P 
sorbed during adsorption experiments (Pad) and that released in desorption 
experiments indicated the amount of P retained in a relatively stable form (Pr). 
The mean percentage retention of adsorbed P was then determined as the slope of 
the linear fit line that forced through the origin in the plot of Pr against Pad (Pant & 
Reddy, 2001). As shown in Table 5.1(b), Mai Po sediments had no less than 85% 
of the sorbed P being retained after equilibration of the sediment residues in 0.01 
M P-free KCl solution for 24 hours, thus demonstrating highly irreversible 
sorption reactions. Sediments in the HKWP also had high mean percentage 
retention of adsorbed P ranging from 71 to 88%, except in FMl with only 47% 
(Table 5.1(a)). It was obvious from the results above that only some of the 
previously sorbed P was desorbed back into the solution during desorption 
experiments. Such hysteresis phenomenon, with desorption of P not following the 
pattern of adsorption isotherms, was likely caused by the formation of less 
reversible bidentate and binuclear bonds following the diffusion of P into the solid 
phase (Reddy et al, 1999b). However, it should be noted that the above 
discussion on P desorption only applies to the time scale used in the experiment 
(i.e. 24 hours). As suggested by Rhue and Harris (1999)，hysteresis may be caused 
by differences in P adsorption and desorption rates and most adsorbed P could be 
reversibly desorbed given adequate time and sufficiently low P concentration. 
Phosphorus sorption maxima determined by Langmuir isotherms in this 
study provided a good indication of the P sorption capacity of sediments, but 
might overestimate the actual adsorption maximum values in the field 
(Richardson, 1985). During batch incubation experiments, sediment samples were 
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completely and continuously mixed with P-laden solutions and sediment floes and 
large particles were broken up under constant stirring which provided greater 
reactive surface area for P adsorption. Yet, under field conditions, water 
movements through soil pores are often slow and dissolved P is only in contact 
with a small proportion of the sediment matrix (Richardson & Vaithiyanathan, 
1995), resulting in a possibly lower Smax than that determined experimentally. 
Since P must first diffuses from the overlying water into the sediment before it 
can be retained, the assessment of actual areal P retention by wetland sediments 
under field conditions should also consider factors including water residence time, 
diffusive P flux across the sediment-water interface, bulk density and infiltration 
capacity of sediments (Reddy et al., 1999b; Sakadevan & Bavor, 1998; Walbridge 
& Struthers，1993). 
5.3.1.2 The Role of Sediments in Phosphate Buffering 
Determination of Langmuir sorption maxima alone is inadequate to give 
a comprehensive understanding of the ability of wetland sediments in sorbing P. 
The P sorption capacity of sediments as estimated by Smax indeed could only be 
utilised when a net adsorption of P occurs. Depending on the dynamic equilibrium 
between solution and solid phases, phosphorus can either be adsorbed by or 
desorbed from sediments. Zero equilibrium phosphorus concentration (EPCo), the 
concentration at which no net adsorption or desorption of P occurs, can be 
determined graphically to shed light on the role of sediments as a P sink or source. 
When the amount of P sorbed is plotted against the initial P concentration at near 
ambient concentrations, the x-intercept represents the sediment EPCo value 
(Bridgham et al., 2001). If solution P concentration is greater than sediment EPCo, 
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there would be a net adsorption of P by sediments. On the contrary, if solution P 
concentration is lower than sediment EPCo, a net desorption of P from sediments 
would occur (Zhou et al., 2005). 
Table 5.2 Zero equilibrium phosphorus concentration and buffer capacity of 
wetland sediments in Hong Kong 
Overlying Water P Buffer 
Site EPCo Porewater P 
Wet Season Dry Season Slope 
———————————————T J —————————————————————————————— 
RBI 14.8 ±3.17 21.6 土 1.54 13.4 土 1.73 10.3 ±1.94 ‘ 0.99 土 0.00 
RB2 4.6 ±1.40 19.5 ±0.75 39.6 ±3.38 7.5 ±0.15 0.97 土 0.02 
FM 1 19.6 ±2.06 28.1 土 0.57 4.0 ±0.35 6.7 ±0.03 0.91 土 0.02 
FM2 23.6 土 2.31 29.4 土 0.78 3.3 ±0.80 7.1 ±0.07 0.97 ±0.03 
FM3 19.5 ±4.49 26.5 ±1.12 1.1 ±0.27 7.1 ±0.13 0.95 土 0.02 
FM4 15.4 ±2.57 21.4 ± 1.03 4.7 ±3.46 6.9 ±0.20 0.98 土 0.01 
FM5 21.0 土 3.27 22.7 士 0.72 1.3 土 0.15 9.8 ±0.10 0.94 ±0.02 
FM6 18.7 ±8.00 18.3 土 0.45 1.2 ±0.07 7.5 ±0.15 1.01 土 0.02 
m g L ' 
BW 1 0.51 土 0.03 3.7 ±1.30 n.d. n.d. 0.82 ± 0.02 
BW2 0.37 ±0.02 0.8 士 0.05 0.96 土 0.01 0.21 ±0.01 0.92 土 0.05 
BW3 0.33 土 0.02 2.0 ±0.21 1.14 ±0.02 0.26 土 0.01 1.00 ±0.06 
BW4 0.12 土 0.01 1.1 ±0.43 0.87 土 0.00 0.05 ±0.01 0.95 ± 0.07 
GW 1 0.06 ±0.00 2.8 士 0.25 0.76 ±0.02 0.34 士 0.01 0.97 土 0.00 
GW2 0.20 ±0.01 7.2 土 2.54 0.80 ±0.02 0.40 ±0.01 1.01 土 0.03 
GW3 0.16 土 0.01 1.6 士 0.29 0.91 ±0.04 0.57 士 0.00 0.94 ± 0.03 
GW4 0.02 土 0.00 5.1 土 0.64 0.93 ±0.03 0.80 ±0.07 0.98 ±0.02 
Data were means of triplicate values 士 1 standard error. 
EPCo： Zero equilibrium P concentration 
n.d.: Not determined 
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Sediments in the natural Mai Po Marshes had zero equilibrium P 
concentrations ranging from 0.02-0.51 mg L'', with a comparatively higher mean 
value of 0.33 mg L"^  recorded in the mangrove sediments along the boardwalk 
than the gei wai sediments with 0.11 mg L'^  (Table 5.2). Since sediment particles 
mainly exchange P with the interstitial water, sediment EPCo values were 
compared to porewater P concentrations to elucidate the direction of sorption 
processes. As shown in Table 5.2，porewater P concentrations were significantly 
higher than their respective EPCo values at all eight sites, suggesting a net 
adsorption of P by Mai Po sediments at the current pollution level. Compared to 
Mai Po sediments, significantly lower EPCo values in the range of |j.g (4.6-23.6 jig 
L'l) were obtained in the HKWP sediments which suggest that soluble P would be 
readily adsorbed under moderate to high P loadings. Indeed, given that the 
interstitial P concentrations determined were generally higher than EPCo values 
(Table 5.2), the HKWP sediments were likely to sorb P from solutions. Yet, the 
amount of P sorbed would not be very significant owing to the small difference 
between porewater P levels and EPCo values in the HKWP. 
Induced by strong wind and water currents especially during episodic 
storm events, resuspension of unconsolidated surface sediments is very effective 
in shallow water systems (Reddy et al., 1996a). Upon sediment resuspension, the 
contact between sediments and overlying water in shallow wetlands would be 
increased and resuspended sediments may either act as a P sink by sorbing water 
column P or as a P source by mixing P-enriched sediment porewater with and 
desorbing sediment bound phosphate into the overlying water (Brezonik & 
Pollman, 1999; Sondergaard et al., 2003). To investigate the role of resuspended 
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sediments in P sorption, comparisons were made between sediment EPCo values 
and overlying water P concentrations since resuspended sediments would 
exchange P directly with the water column of wetlands. Assuming no seasonal 
variations in sediment EPCo, there was a net adsorption of P by resuspended 
sediments in the Mai Po gei wai in both wet and dry seasons as water column P 
concentrations (0.34-0.93 mg L'') were consistently higher than sediment EPCo 
values (0.02-0.20 mg L"') (Table 5.2). On the other hand, upon resuspension in the 
water column, sediments in the Mai Po mangroves sorbed P from the overlying 
water in the wet season, but exhibited a net desorption of P in the dry season when 
sediment EPCo values (0.12-0.37 mg L"') exceeded water column P levels 
(0.05-0.26 mg L'^). For the HKWP that received less polluted influents from 
urban stormwater, overlying water P concentrations were found lower than 
sediment EPCo values at all sites in the freshwater marshes in both wet and dry 
seasons (Table 5.2), thus suggesting a potential risk of P desorption when 
sediments were resuspended in the water column. Meanwhile, it should be noted 
that the above discussions were based on porewater and overlying water P 
concentrations determined at a few sampling occasions. Given the expected 
monthly and episodic variations in water quality, the direction of P sorption may 
actually change several times during different times of year. 
While EPCo enables the prediction of P sorption direction between the 
solid and solution phases, there is a need to further understand the extent of 
adsorption or desorption processes in buffering changes in solution P 
concentrations around EPCo. This is represented by the buffer capacity of 
sediments which is determined as the slope of a buffer diagram, with P sorbed 
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plotted against initial P concentration in the same units (}iM) (Bridgham et al., 
2001). A slope of one corresponds to a perfect buffer capacity in which any 
perturbations in solution P concentration from the EPCo value will be completely 
restored by sorption reactions (Mayer & Gloss, 1980). Within the range of low 
initial P concentrations (0-16 |iM P), slopes of 0.91-1.01 were obtained in the 
buffer diagrams of the HKWP sediments (r^>0.95). For sediments in the Mai Po 
Marshes except in BWl, the slopes were found ranging from 0.92 to 1.01 under 
near-ambient initial P levels of 0-32 |iM P (r^>0.92) (Table 5.2). Overall, the 
slopes determined in buffer diagrams of the two wetlands were close to a value of 
1 associated with perfect buffer capacity, thus indicating a strong P buffering 
capacity exhibited by both the HKWP and Mai Po sediments where a relatively 
constant solution P concentration around the EPCo would be maintained by 
adsorption-desorption reactions. 
To improve water quality in the long term, a zero discharge policy for 
Deep Bay has been adopted by the Hong Kong Government to control effluent 
discharge such that no net increase in pollution load to the watershed would be 
resulted (Planning Department, 2003). Wastewater in the Sheung Shui and 
Fanling area of the Deep Bay catchment is collected and treated under the North 
District Sewerage Master Plan while that in the Yuen Long and Kam Tin area is 
discharged to Urmston Road via the North West New Territories Effluent Tunnel 
(Environmental Protection Department, 1998b). However, in view of the high 
sediment EPCo values and strong buffer capacity, it is expected that phosphate 
would be desorbed substantially from the Mai Po sediments to maintain solution P 
concentrations well above the threshold level of 0.02 mg L'' associated with 
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eutrophication, even with a further reduction in external P loading (Sallade & 
Sims, 1997). As such, the effectiveness of controlling point source pollution in 
improving the quality of Mai Po waters would seem to be rather limited, let alone 
that the Shenzhen side would have to collaborate with Hong Kong to reduce the 
discharge of heavily polluted wastewater into Deep Bay. 
5.3.1.3 Relationships Between Phosphorus Sorption Parameters and 
Physico-chemical Properties of Sediments 
Although the exact mechanisms involved in P sorption are largely 
unknown, numerous studies have tried to infer the possible sorption mechanisms 
by correlating P sorption parameters with independently determined 
physico-chemical properties of sediments (e.g. Pant & Reddy，2001; Reddy et al., 
1999b). In an attempt to examine the effects of sediment composition on P 
sorption, correlation analysis was conducted to establish the relationships between 
P sorption parameters and concentrations of oxalate-Fe, oxalate-Al, oxalate-P, 
total Fe, total Al, total P, TKN and organic matter in wetland sediments of the 
HKWP and Mai Po Marshes. The correlation results were summarised in Table 
5.3. 
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Table 5.3 Correlation coefficients between phosphorus sorption parameters 
and selected physico-chemical properties of wetland sediments in 
Hong Kong (n=16) 
Langmuir isotherm Freundlich isotherm EPCo 
Parameter 
^ k K b 
Oxalate-Fe 0.80** -0.59* 0.82** -0.62* 0.73** 
Oxalate-Al 0.85** -0.65** 0.85** NS 0.68** 
Oxalate-P 0.87** -0.67** 0.89** -0.60* 0.85** 
Total Fe 0.78** -0.70** 0.74** NS 0.69** 
Total Al 0.79** -0.80** 0.76** NS 0.72** 
Total P 0.85** -0.80** 0.88** -0.54* 0.93** 
LOI 0.72** -0.67** 0.65** NS 0.57* 
TKN 0.76** -0.70** 0.75** NS 0.63** 
** Significant correlation at the 0.01 level (2-tailed). 
* Significant correlation at the 0.05 level (2-tailed). 
Highly significant and positive relationships were found between P 
sorption maxima and each of the eight selected sediment properties (Table 5.3). 
Oxalate-extractable Fe and Al were found strongly and positively correlated with 
Smax of wetland sediments, with Spearman r values of 0.80 and 0.85 respectively 
O<0.01). This suggests that phosphate was predominantly sorbed to amorphous 
forms of metal oxides, which provided abundant effective surface area for P 
adsorption to take place (Paludan & Jensen, 1995). Moreover, a moderate positive 
correlation was obtained between Smax and organic matter content determined as 
loss on ignition (r=0.72, /><0.01), which was likely related to the sorption of P 
onto metal-organic complexes in sediments (Reddy et al, 1995). Based on the 
above correlation results and an understanding of P biogeochemistry, significantly 
higher Smax values obtained in the Mai Po sediments could be attributed to the 
presence of higher contents of organic matter and amorphous metal oxides. It is 
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worth noting that fine-grained sediment fractions (<0.075 mm) could adsorb 
appreciably more P as compared to coarser fractions (0.15-1 mm) (Erftemeijer & 
Middelburg, 1993)，owing to greater number of surface sorption sites available 
(Liu et al, 2002). Hence, higher clay content in the Mai Po sediments might also 
contribute to the higher P sorption maxima determined. To improve the adsorption 
capacity of HKWP sediments, some natural materials or industrial by-products 
with high Fe/Al contents and demonstrated ability in removing P, e.g. shale and 
blast furnace slag, may be added (Drizo et al., 1999; Sakadevan & Bavor, 1998). 
However, the ecological impacts of applying these materials in constructed 
wetland substrates should be thoroughly studied before putting it into practice. 
In contrast to Langmuir Smax, the Langmuir bonding energy constant k 
was significantly and negatively correlated with all the eight selected 
physico-chemical properties of wetland sediments (r=0.59-0.80, p<0.05). This 
could be explained by the fact that sediments in the Mai Po Marshes had higher 
metal and organic contents and thus sorbed more P upon receiving highly 
eutrophic waters. With an increase in phosphorus saturation level, sorption energy 
reduced correspondingly (Miltenburg & Golterman, 1998). 
Meanwhile, a strong and positive correlation was observed between 
Freundlich adsorption constant K and each of the eight sediment properties 
examined (r=0.65-0.89, /7<0.01). This was similar to the case of Langmuir Smax, 
as both Smax and Freundlich K were referring to sorption capacity of sediments. 
For Freundlich constant b, significant correlations were only obtained with 
oxalate-Fe, oxalate-P and total P (Table 5.3). 
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Sediment EPCo was strongly and positively correlated with oxalate-P 
(r=0.85) and TP concentrations (r=0.93) (p<0.01). Following an increase in 
external P load, the soil bioavailable P pools were enlarged which subsequently 
led to a reduction in the buffering ability of sediments in maintaining porewater P 
at its original level (Reddy et al., 1999a). The significant positive correlation 
obtained between EPCo and oxalate-P in this study was in accordance with the 
findings of Richardson and Vaithiyanathan (1995) that EPCo value increased with 
the extent of P enrichment, and thus further supported the use of sediment EPCo 
values as a proxy to indicate the pollution status of wetlands. 
5.3.2 Kinetics of Phosphorus Adsorption 
Phosphorus sorption by sediments is considered a time-dependent 
process (Appan & Wang, 2000). To elucidate the effects of time on P sorption, 
kinetic experiments were conducted on selected wetland sediments in Hong Kong. 
As shown in Fig. 5.2, the adsorption kinetic curves of wetland sediments rose 
sharply during the first hour of incubation, with a steeper slope obtained when a 
solution containing 50 mg P L'', as compared to 20 mg P L ' \ was added. A 
positive relationship between initial sorption rate and initial P concentration was 
also reported for sediments in the East Anglian eutrophic reservoirs (Redshaw et 
al, 1990) and the Chinese Taihu lake (Zhou et al., 2005). Following an initial 
increase in slope, the kinetic curves flattened off after 12 to 24 hours with no 
significant change in the amount of P sorbed. This suggests that a dynamic 
pseudo-equilibrium between the solid and solution phases be attained after 24 
hours (Fox et al, 1989) and justifies the use of a 24-hour incubation period in 
the batch incubation experiments for determining sorption maxima of wetland 
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Figure 5.3 Plot of logarithm of solution phosphorus concentration against 
time for wetland sediments in Hong Kong (n=3) 
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sediments in Hong Kong. True equilibrium between sediments and interstitial 
water, as Froelich (1988) suggests, can seldom be attained on laboratory time 
scales, unless solution P concentrations used are near that of the ambient levels. 
To better characterise changes in P sorption rate of wetland sediments, 
the logarithm of solution P concentration was plotted against incubation time as 
shown in Fig 5.3. The curves could be broadly divided into three major portions, 
each of which had a distinct slope representing a specific sorption stage. The 
slope of straight line fitted to each portion of the curve gave the first-order 
adsorption rate constant and the time involved in each sorption stage was 
determined by solving two linear equations of the fitted lines (Appan & Wang, 
2000). Results of sorption time and first-order rate constant of P sorption by 
wetland sediments in Hong Kong are summarised in Table 5.4. 
Table 5.4 Kinetic parameters of phosphorus sorption by wetland sediments in 
Hong Kong 
Initial P Sorption Time First-order Rate Constant 
Site 
Added Stage 1 Stage 2 Stage 1 Stage 2 Stage 3 
mg L ' min hr hr 
RB 1 20 15.0 5.98 1.80 0.07 0.006 
FM4 20 18.0 6.05 2.11 0.14 0.007 
BW 3 20 18.0 4.40 2.08 0.16 0.005 
GW 3 20 17.4 5.56 4.31 0.20 -0.003 
R B I 50 11.4 1.63 1.01 0.09 0.003 
FM4 50 16.8 6.03 1.12 0.06 0.004 
BW3 50 18.6 8.18 1.17 0.03 0.003 
GW3 50 15.6 5.95 2.13 0.07 0.002 
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Phosphorus adsorption by sediments has been regarded as a multiple 
kinetic process involving at least an initial fast adsorption step followed by a 
slower adsorption stage (Lopez et al., 1996). The first stage of P sorption was 
completed within 20 minutes for all the four wetland sediments studied (Table 
5.4), which was in agreement with values of 10 to 30 minutes reported in other 
similar studies conducted on aquatic sediments (Fox et al., 1989; Wang et al, 
2005). Moreover, highest first-order adsorption rate constants ranging from 1.01 
to 4,31 hr"' were obtained at this stage, with a major portion of the total sorption 
amount at the end of the 72-hour incubation being adsorbed. Ion exchange and 
ligand exchange were likely the two most dominant adsorption mechanisms 
contributing to the high sorption rate determined (Rhue & Harris, 1999). 
The second stage of P sorption took a considerably longer time than the 
preceding step, lasting for 1.6 to 8.2 hours (Table 5.4). First-order rate constants at 
this stage were found ranging from 0.03 to 0.20 h f \ which were approximately 
an order of magnitude lower than corresponding values of the initial step. Lower 
adsorption rate in this phase could be attributed to the slow diffusion and 
penetration of P into defect sites and pores in sediments (Slomp & van Raaphorst, 
1993). 
The third adsorption stage commenced after 1.8 to 8.5 hours of 
incubation, depending on the sediment and initial P concentration used (Table 5.4). 
Lasting for weeks or even months, this slow sorption phase involved numerous 
processes including diffusion, precipitation, adsorption and desorption (Appan & 
Wang, 2000; Rhue & Harris, 1999). First-order rate constants of P adsorption at 
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this stage varied from -0.003 to 0.007 h f \ implying that sorption rates were 
negligible with no appreciable short-term changes in the amount of P sorbed. 
5.3.3 Effects of Environmental Factors on Phosphorus Sorption 
5.3.3. J Effects of pH 
The pH of water bodies often fluctuates diumally and seasonally due to 
variations in photo synthetic activities of phytoplanktons (Olila & Reddy, 1995) 
and microbial activities (Wang et al., 2005)， which subsequently alters the 
composition and P sorption capacity of sediments (Sundareshwar & ^vlorris, 1999). 
In this regard, the effects of pH on P sorption by wetland sediments in the HKWP 
and Mai Po Marshes were examined and the results are illustrated in Fig. 5.4. 
As shown in Fig. 5.4, the amounts of P sorbed by RBI and FM4 
sediments in the HKWP at a final pH of 1 were only 60 and 37 mg kg"' 
respectively. The values then rose sharply to a peak of 270 mg kg'' at pH 2.4 for 
RBI and 310 mg kg"' at pH 6.8 for FM4, after which both dropped gradually to 
another minima of 17-18 mg kg"' at pH 11.5. Meanwhile, the extent of changes in 
P sorption as influenced by pH was even greater in the Mai Po sediments. At a pH 
of around 1.5, both BW3 and GW3 sediments exhibited a substantial release of P 
of 598 to 807 mg kg''. The sorption amount reached a plateau of 388-600 mg kg'' 
as pH increased to 6.1-6.3，and then dropped again to another trough of negative 
values of -466 to -1865 mg kg"' at pH 13. From the above results, it could be 
generalised that the peak of P sorption was found somewhere in the middle of the 
pH range, i.e. around pH 6 to 7，and the sorption amount then dropped gradually 
to two minima as pH increased or decreased towards two ends of the pH range. 
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Figure 5.4 Effects of pH on phosphorus sorption by wetland sediments in 
Hong Kong (error bar denotes 1 standard error) 
The two adsorption troughs identified for the four wetland sediments 
studied were at pH around 1 and 11.5-13 respectively (Fig. 5.4). The small 
amount of P sorbed by HKWP sediments at low pH was likely due to increased 
fixing of phosphate by abundant free hydrogen ions in the solution to form 
phosphoric acid (H3PO4), which correspondingly reduced availability of P for 
adsorption onto positively charged sediment surface. Dissolution of high 
concentrations of CaCOs^P under strongly acidic conditions further contributed to 
the net release of P by Mai Po sediments (Gomez et al.’ 1999). On the other hand, 
low P sorption by HKWP sediments at high pH values could be attributed to the 
increased competition between free hydroxide ions and phosphate ions for 
sediment adsorption sites (Zhou et al., 2005) and repulsion of phosphate ions by 
- 1 2 9 . 
the negatively charged sediment surface (Jin et al, 2005). Significant liberation of 
P by sediments in Mai Po at high pH was possibly caused by the alkaline 
hydrolysis of organic P as well as desorption of abundant P from clay minerals 
and metal hydroxides (Andersen, 1975; De Groot & Golterman, 1990). Under 
extremely alkaline conditions ( � p H 13), there was a rebound of P sorption amount 
from the trough by the HKWP sediments which was believed to be a result of 
increased precipitation of calcium phosphates (Hoiford & Patrick, 1979). 
Maximum P sorption by FM4, BW3 and GW3 sediments was attained 
at pH 6-7, indicating that sediment surface had strong chemical affinity for P to 
compete against hydrogen ions and phosphate ions could outcompete hydroxide 
ions in sorbing onto sediments in this pH range (Zhou et al., 2005). However, 
RBI sediments adsorbed the greatest amount of P at an acidic pH of 2.4, which 
might be accounted for by the difference in rates of acid dissolution of P 
compounds between sediments (Wang et al, 2005). Additional study on the 
effects of pH on P release will be needed to ascertain this hypothesis. One must 
note that sorption is indeed a general term which covers numerous processes 
including adsorption, surface precipitation and co-precipitation (Scheidegger & 
Sparks, 1996). While the effects of pH on P sorption by wetland sediments in 
Hong Kong have been demonstrated in this study, further investigations should be 
made to unravel the mechanisms involved using techniques like x-ray diffraction. 
As buffer was not added to maintain a constant pH throughout the 
experiment, the final pH of solution after 24-hour equilibration varied between 
different sediments. The change in pH was influenced by the pH buffering 
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capacity of sediments, which was determined as the difference between initial and 
equilibrium pH at the end of the experiment (Redshaw et al., 1990). Fig. 5.4 
shows that values of the final solution pH clustered in a narrow range between 6 
and 8，in spite of the wide range of initial pH used spanning over 13 pH units. 
This was indicative of a high pH buffering capacity for the HKWP and Mai Po 
sediments, which would increase the tolerance of sediments against pH changes 
induced by acid-forming amendments and acidic precipitations among others 
(Olila & Reddy，1995). Extreme pH values can only be attained with the addition 
of a very significant amount of acids or alkalis, which is unlikely to occur in 
natural systems. Given the high pH buffering capacity of sediments in the two 
wetlands, variations in porewater pH are expected to be small and the impacts of 
pH on P sorption in the field to be limited. 
5.3.3.2 Effects of Salinity 
Salinity of wetland waters often varies spatially and temporally, subject 
to the source and amount of water input. As discussed in Chapter 4, salinity in the 
Hong Kong Wetland Park and Mai Po Marshes ranged from 0.3-2.0 and 3.9-20.8 
%o respectively owing to the influence of monsoonal rainfall and inputs of urban 
stormwater/tidal estuarine water. Since salinity changes could impact on the 
sediment chemistry and associated sorption capacity (Sundareshwar & Morris, 
1999)，the effects of salinity on P sorption by wetland sediments in Hong Kong 
were investigated in this study. The results are illustrated in Fig. 5.5. 
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Figure 5.5 Effects of salinity on phosphorus sorption by wetland sediments in 
Hong Kong (error bar denotes 1 standard error) 
Sediments in the two wetlands exhibited a net adsorption of P with a 
relatively constant amount within the salinity range of 0.5-5 %o (Fig. 5.5). Under 
freshwater conditions, metal hydroxides in aquatic sediments had a net positive 
surface charge which facilitated the adsorption of negatively charged phosphate 
ions (Sundareshwar & Morris, 1999). In view of the low salinity ( = 2 %o) in the 
HKWP, sediments would likely be capable of adsorbing P to a moderate extent. 
When salinity increased further to 15 %o, an 8 to 31% reduction in P 
sorption amount was observed for all sediments except BW3. At 30 %o salinity 
that was close to the value of seawater, there was even a highly significant amount 
of sediment P desorbed. Given the higher concentrations of native sorbed P, Mai 
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Po sediments released considerably greater amount of P (4600-5600 mg kg'') in 
saline waters than the HKWP sediments (1700-3600 mg kg"'). Strong desorption 
of P in solutions of high salinity could be attributed to the intense competition 
between phosphate ions and other abundant anions, e.g. SO/" and CI", for sorption 
sites on sediments (Liu et al, 2002). Also, the ion activity coefficients and calcite 
precipitation were reduced following an increase in salinity which contributed to a 
decrease in P sorption (Lopez et al., 1996). Since salinity of brackish waters in the 
Mai Po Marshes could reach as high as 20 %o during the dry season, there would 
be a potential risk of P desorption by sediments at times of high salinity. 
5.3.3.3 Effects of Temperature 
Situated in subtropical Asia, Hong Kong is under the heavy influence of 
monsoonal climate marked by a significantly higher air temperature in summer. 
Water temperature in wetlands also exhibited a seasonal pattern following the 
shifting of the overhead Sun, with higher values obtained in the wet season 
(~29°C) than dry season (�20°C) (see Chapter 4). As suggested by Gomez et al. 
(2000), water temperature plays a direct role in affecting phosphorus adsorption, 
amongst other physico-chemical reactions occurred in the sediment-water system. 
As such, an examination was made of the effects of temperature on P sorption by 
wetland sediments in Hong Kong. 
Figures 5.6(a)-(d) illustrate the effects of temperature on P adsorption 
by sediments at RB2, FM4, BW2 and GW3 respectively. For RB2 and BW2 
sediments, the amount of P sorbed increased with temperature from 15 to 30 °C 
when a solution containing 15 mg P L'' was added. However, temperature had no 
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in the Mai Po Marshes (error bar denotes 1 standard error) 
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discernible influence on P sorption for lower initial P concentrations used (Figs. 
5.6(a) and 5.6(c)). Redshaw et al. (1990) also reported that temperature effects on 
P adsorption by East Anglian sediments were greater with higher equilibrium P 
concentration in solutions. For FM4 sediments, a positive relationship between P 
sorption and temperature was generally observed (Fig. 5.6(b)). Given that 
adsorption is an endothermic reaction, the strength of ionic exchange and 
adsorption of P would be increased with a rise in temperature (Jin et al, 2005; Liu 
et al, 2002). The adsorption process thus would be more favourable in the 
summer months with a higher water temperature. Meanwhile, the amount of P 
sorbed by GW3 sediments was found to drop significantly as incubation 
temperature rose from 15°C to 20°C (Fig. 5.6(d)). The reasons for this apparent 
reduction in P sorption with increasing temperature were yet to be known. 
5.4 CONCLUSIONS 
The adsorption and desorption characteristics of sediments in the Hong 
Kong Wetland Park and Mai Po Marshes have been discussed in this chapter. With 
reference to the results, some conclusions could be drawn as follows: 
1) Sediments in the Mai Po Marshes, as compared to those in the HKWP, 
had a greater sorption capacity for P, as reflected by the significantly 
higher Langmuir adsorption maxima (1642-3582 vs 478-858 mg kg'^) 
and Freundlich K values (1124-3056 vs 417-672 L kg"'). However, in 
view of the higher degree of P saturation and lower bonding energy 
constant, it would be increasingly difficult energetically for Mai Po 
sediments to adsorb additional P. 
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2) Given the very low EPCo values (4.6-23.6 p.g L'^), sediments in the 
HKWP could readily adsorb phosphate under moderate to high P 
loadings. On the other hand, significantly higher EPCo values 
(0.02-0.51 mg I/i) were obtained for the Mai Po sediments, suggesting 
that substantial amount of P would be desorbed from sediments to 
maintain a high solution P level even with further reduction in external 
loading. Also, a potential risk of P desorption would be incurred when 
sediments in the HKWP and Mai Po mangroves were resuspended in 
the water column containing P concentration lower than the EPCo value. 
3) Very strong and positive correlations were established between P 
sorption maxima and oxalate-extractable Fe (r=0.80) and Al (r=0.85), 
supporting the hypothesis that phosphate was predominantly sorbed on 
amorphous metal oxides with abundant surface areas. Moreover, EPCo 
was found significantly and positively correlated with oxalate-P, 
enabling the use of sediment EPCo value as a proxy to indicate the 
pollution status of wetlands. 
4) Based on the results of kinetic experiments, three sorption stages were 
identified. The initial fast adsorption step was completed within 20 
minutes and the second sorption stage lasted for about 1.6-8.2 hours 
before the third stage commenced. The rate of P adsorption by wetland 
sediments decreased with time, as shown by an order of magnitude 
reduction in first-order rate constant for each successive adsorption 
stage, 
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5) Maximum P sorption by sediments was generally attained at around pH 
6 to 7 and the sorption amount then decreased gradually to two minima 
as pH decreased and increased towards 1 and 11.5-13 respectively. The 
Mai Po sediments even exhibited a net P release, ranging from 598 to 
1865 mg kg"', at two ends of the pH range. Nevertheless, it is expected 
that variations in porewater pH and effects of pH on P sorption to be 
rather limited under field conditions owing to the high pH buffering 
capacity of sediments in both the HKWP and Mai Po Marshes. 
6) Under the low range of salinity (0.5-5 %o) as typically found in the 
freshwater HKWP, a net adsorption of P by sediments was observed. 
When salinity further increased from 5 %o to 30 %o, the P sorption 
amount was reduced, even to negative values, owing to enhanced 
competition between phosphate ions and other anions for sediment 
sorption sites. In this regard, there would be a potential release of P by 
Mai Po sediments into the brackish water column, especially in the dry 
season when salinity could reach as high as 20 %o. 
7) Overall, the amount of P sorbed by wetland sediments following the 
addition of 15 mg P L"' solution increased with temperature from 15 to 
30 °C. This implied a greater P adsorption during the wet, summer 
season, which could be explained by greater ionic exchange associated 
with an increase in temperature for endothermic P adsorption to take 
place. It was also noted that the effects of temperature on P sorption 
tended to be greater with the use of higher initial P concentrations. 
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CHAPTER SIX 
PHOSPHORUS FLUX FROM WETLAND 
SEDIMENTS IN HONG KONG 
6.1 INTRODUCTION 
Cycling of geochemical elements actively takes place at the 
sediment-water interface of aquatic systems, which has the steepest gradients in 
physical, chemical and biological properties (Santschi et al., 1990). In shallow 
wetlands with a high surface area to volume ratio, sediment-water interactions 
play a particularly key role in phosphorus exchange (Sondergaard et al., 2001). 
Wetland sediments may either act as a sink or source for P depending on the 
prevailing environmental conditions. The flux of P from sediments to the 
overlying water column can perpetuate the eutrophic state of water bodies and 
bring about cascading and often adverse ecological impacts (Malecki et al, 2004; 
Penn et al,, 2000). There is thus a pressing need to better understand the 
sediment-water P fluxes in wetlands, which are less extensively studied as 
compared to lakes (Fisher & Reddy, 2001). 
Phosphorus flux across the sediment-water interface of wetlands is 
regulated by various factors, for example, P concentration gradients across the 
interface and physico-chemical properties of sediments (Reddy et al., 1995). 
Numerous studies have reported a significantly higher P flux from anoxic 
reducing sediments (e.g. Holdren & Armstrong, 1980; Moore & Reddy, 1994)， 
while on the other hand, de Montigny and Prairie (1993) found no significant 
1 3 9 
difference between aerobic and anaerobic P release rates from organic lake 
sediments. No studies have thus far been made, however, to determine the effects 
of redox potential on P flux from wetland sediments in Hong Kong. Moreover, 
given that sediment P release mechanisms are coupled closely to temperature and 
biological activities (Sondergaard et al., 2001), P flux from estuarine sediments 
has exhibited a distinct seasonal pattern (Malecki et al, 2004). Perm et al (2000) 
suggested that knowledge regarding the seasonal variations in sediment P flux, 
which is currently lacking for Hong Kong wetlands, is essential for the 
development of mass balance models and proactive water quality management 
plans. 
In view of the above, this chapter has three objectives: 
1) To quantify the flux of phosphorus from sediments in the HKWP and 
Mai Po Marshes; 
2) To investigate the seasonal variations in phosphorus flux from wetland 
sediments in Hong Kong; and 
3) To examine the effects of redox conditions on phosphorus flux from 
wetland sediments in Hong Kong. 
6.2 METHODOLOGY 
6.2.1 Sample Collection and Analysis 
Triplicate sediment cores were collected at selected sites twice in the 
HKWP (January and September 2005) and twice in the Mai Po Marshes (June 
2005 and January 2006) for determining seasonal P flux from wetland sediments. 
In addition, approximately 4 L of wetland water was collected at each site and 
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immediately filtered (Whatman GF/C) on return to the laboratory for latter use in 
core incubations. Owing to time and resource constraints, more frequent sampling 
of soil cores and subsequent incubation experiments were not possible. Details 
regarding the methods of collection of sediment cores and site water and analysis 
for orthophosphate in water samples were described in Chapter 3. 
6.2.2 Core Incubation Experiments 
Upon return to the laboratory, overlying water in the soil cores was 
siphoned off and replaced with 300 ml of filtered site water carefully without 
disturbing the sediment-water interface. The cores were then kept in the dark in an 
incubator at 20 °C to prevent algal growth and aerated continuously with room air 
using a pump to maintain an oxic condition. Over a 28-day incubation period, 
water samples of 20-30 ml were collected regularly at 1-7 day intervals, filtered 
through Whatman #42 filters and immediately analysed for P. Prior to sampling, 
distilled water was added to replenish the evaporative loss of floodwater while 
subsequent to sampling, the volume of water sampled was replaced with filtered 
site water of known composition (Pant & Reddy, 2003). 
Anaerobic P flux was determined using intact sediment cores that had 
been incubated aerobically for 28 days. Water columns were first purged with N2 
gas for 30 minutes and the cores were then sealed with parafilm to let sediment 
oxygen demand naturally deoxygenate the overlying water (Lavery et al., 2001). 
To ascertain the existence of anaerobic conditions throughout the experiment, 
automated redox monitoring was conducted with a Cole Palmer redox electrode 
installed at the sediment surface of one randomly selected core (Malecki et al., 
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2004). Once redox potential rose to above -145 mV, which was the critical value 
for anaerobic conditions to take place at pH 7.5 (Vepraskas, 2005), N2 gas was 
purged to the water column automatically as controlled by a data logger. During 
the 14-day anaerobic incubation period, water samples were withdrawn at 2-4 day 
intervals, filtered and analysed for P. Following the completion of anaerobic 
incubation, water columns were purged with room air continuously for another 
14-day aerobic incubation. At 2-7 day intervals, water samples were taken and 
filtered for P analysis. This aerobic-anaerobic-aerobic cycle of incubation was 
conducted on cores collected in the HKWP and Mai Po Marshes in the wet season. 
6.2.3 Estimation of Phosphorus Flux 
Phosphorus flux across the sediment-water interface was estimated by 
plotting the cumulative P mass in the overlying water column, with corrections for 
the amount of P removed during sampling and that added during replenishment 
with filtered site water, against time of incubation. Simple linear regression was 
conducted to determine the slope of the relation between cumulative P mass and 
time, which was then divided by the surface area of sediment core to calculate P 
flux. In this study, average P flux was presented which was based on the overall 
rate of change in cumulative P mass over the entire incubation period (i.e. 28 days 
for the first aerobic cycle and 14 days for anaerobic and second aerobic cycles). It 
was assumed that adsorption of P onto the surface of core liner was negligible. 
6.2.4 Statistical Analysis 
Mann-Whitney U test was conducted to detect any significant 
differences in sediment-water fluxes of phosphorus between the two wetlands. To 
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test for significant differences in P flux between the first aerobic, anaerobic and 
second aerobic cycles, Mann-Whitney U test with Bonferroni correction was 
used. 
6.3 RESULTS AND DISCUSSION 
6.3.1 Phosphorus Flux From Wetland Sediments 
6.3.1.1 Phosphorus Flux From Sediments in the Hong Kong Wetland Park 
Figure 6.1 illustrates the change in water column P concentrations in 
sediment cores of the HKWP over a 28-day incubation period in the dry season. 
Phosphorus concentrations in the overlying water of cores at the eight sites 
generally increased from undetectable to 2 L"' at Day 0 to 4-17 |ig L'' at Day 
28, which corresponded to positive average P fluxes ranging from 28 to 151 jig 
m-2 d'' (Table 6.1). This was indicative of a net P release from sediments to the 
water column that was commonly observed in many other wetlands as well, with 
diffusive flux induced by a usually higher P concentration in porewater than in the 
water column (Reddy & D'Angelo, 1994). Moreover, the rate of increase in 
overlying water P concentration was found to be relatively higher during the first 
1-3 days than the rest of the incubation period (Fig. 6.1), since P concentration 
gradient across the sediment-water interface was steepest at the initial stage with 
low water column P concentration. Upon a longer duration of core incubation in 
the batch system, P concentration gradient was reduced with P levels in the 
sediment porewater and overlying water approaching equilibrium. Meanwhile, 
under field conditions, a steep concentration gradient could be maintained via 
rapid removal of released P by advective transport in surface water (Reddy et al., 
1999b), thus higher values of average P flux than those reported in this study 
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Figure 6.1 Variations in water column phosphorus concentrations in sediment 
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would be possible. In view of the limitations of batch incubations, some studies 
have attempted to quantify sediment P flux using a continuous flow system that 
maintained a relatively constant water column P concentration and better 
mimicked the hydrodynamic conditions in the field (e.g. Sondergaard, 1989). 
Table 6.1 Spatial and temporal variations in phosphorus flux from sediments 
in the Hong Kong Wetland Park 
Phosphorus Flux (^g m'^  d'') 
Site 
Wet season Dry season 
RBI -10.79 士 4.80 77.09 土 41.00 • 
RB2 -89.36 士 22.18 100.02 士 27.62 
FMl 12.27 土 3.97 197.60 士 128.86 
FM2 3.73 土 6.51 28.01 土 20.93 
FM3 -1.08 士 2.02 74.20 土 3.56 
FM4 8.48 士 10.07 150.81 土 53.10 
FM5 25.77 土 7.51 87.38 士 8.19 
FM6 33.23 土 12.78 60.00 土 23.94 
Mean -4.63 ± 9.90 96.89 ± 18.95 
Data were means of triplicate values 土 1 standard error, except for the overall mean with n = 24. 
The HKWP sediments had an overall mean P flux of -5 )ig m'^ d"' in the 
wet season, which was significantly lower than 97 |ig m"^  d] recorded in the dry 
season (/7<0.01, n=24) (Table 6.1). Negative P fluxes were obtained at three sites, 
viz. RBI, RB2 and FM3, indicating the potential role of these sediments as a P 
sink during summer times. The net flux of P into reedbed sediments was again 
likely driven by diffusion processes, as considerably higher overlying water P 
concentrations at RBI and RB2 in the wet season helped establish a P 
concentration gradient from the water column to sediments (Fig. 6.2). For 
sediments in the freshwater marshes, positive average P fluxes of less than 34 |ig 
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m-2 d"' were generally observed owing to the rather low initial ambient P levels in 
the overlying water (< 4 |ig L''). Dunne et al. (2005) also found that water column 
p concentrations strongly regulated sediment-water P exchange in the Southeast 
Ireland constructed wetlands. In order to ascertain the dominance of diffusion 
mechanism in controlling P flux from the HKWP sediments, comparisons will 
need to be further made between overall P flux measured from changes in water 
column P concentrations in sediment cores and Fickian diffusive P flux estimated 
from P concentration gradient across the sediment-water interface (Lavery et al., 
2001; Moore et al., 1998). • 
Phosphorus flux from the HKWP sediments, ranging from -0.09 to 0.20 
mg m-2 d"', was indeed very low when compared to values reported in other 
constructed wetlands. Moderate P flux of 1.5 土 0.6 mg m"^  d'' was recorded in 
continuously flooded soil cores collected in an Apopka constructed wetland in 
Florida after 30-day incubation (Olila et al., 1997) while higher mean P flux of 
15.0 士 4.9 mg m-2 d'^  was obtained following incubation of flooded cores from 
restored wetlands in southern Oregon for 4 days (Aldous et al, 2005). In a Florida 
dairy area proposed for wetland construction, even higher P flux ranging from 3 
to 93 mg m-2 d'' was observed during the first 28 days of flooding (Pant & Reddy, 
2003). Given the much lower sediment P flux, the HKWP substrates comprising 
pond bund soil and clean river sand were considered suitable for use in 
constructed wetlands in water quality regulation. Although a positive P flux from 
the HKWP sediments might occur under low water column P concentration, the 
extent of P release in the range of |ig m"^  d"' would not be substantial enough to 
cause severe degradation in water quality. As shown by the fluctuated curves in 
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Figs. 6.1 and 6.2, P release from sediments was often irregular instead of linear in 
nature. The rates of P flux provided in this study were thus only approximate 
values in the absence of a more rigorous approach to flux calculation (Holdren & 
Armstrong, 1980). 
6.3.1.2 Phosphorus Flux From Sediments in the Mai Po Marshes 
Variations in water column P concentrations in sediment cores of the 
Mai Po Marshes throughout the 28-day incubation in the dry season were 
illustrated in Figure 6.3. Phosphorus release was most notable from BW3 and 
BW4 sediments sampled at the water channel of coastal mangroves. Mean P 
concentrations in the overlying water increased 6-fold (from 0.27 to 1.64 mg L'') 
at BW3 and 22-fold (from 0.07 to 1.53 mg L'^) at BW4 from Day 0 to Day 28’ 
leading to average P fluxes of 11.4-12.5 mg m'^ d"' (Table 6.2). Overall, the four 
mangrove sediments (BWl-4) had a mean P flux of 7.9 士 3.2 mg m"^  d'', which 
was significantly higher than 0.1 土 1.4 mg m'^ d"' recorded in gei wai sediments 
(GWl-4) (p<0.05, n=12). A net retention of P of 1.2 and 3.8 mg m"^  d"' was even 
found at GW2 and GW4 respectively. Sediment-water exchange of P in the Mai 
Po Marshes in the dry season was likely regulated by sorption processes rather 
than molecular diffusion. Sediments in gei wai no. 18 had a lower EPCo value and 
degree of P sorption saturation (see Section 5.3.1), which led to more favourable P 
adsorption and subsequently less positive P flux. In contrast, substantial P release 
to the overlying water was observed from mangrove sediments, which could be 
attributed in part to greater desorption of P associated with higher sediment EPCo 
value and native sorbed P content. Kamp-Nielsen (1974) also reported that 
aerobic P flux from Danish lake sediments was negatively correlated with P 
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concentration gradient and strongly governed by adsorption processes. Apart from 
desorption, decomposition of soil organic matter by aerobic microbes might 
further contribute to the high P flux from mangrove sediments (Fisher & Reddy, 
2001). 
Table 6.2 Spatial and temporal variations in phosphorus flux from sediments 
in the Mai Po Marshes 
Phosphorus Flux (mg m"^  d"') 
Site 
Wet season Dry season 
BW 1 -1.61 士 1.45 5.25 土 2.06 -
BW 2 6.45 土 6.06 -0.04 土 0.69 
BW3 10.71 土 9.90 12.51 土 7.76 
BW4 6.45 士 1.67 11.40 士 9.10 
GW 1 10.13 土 9.48 2.36 土 1.14 
GW 2 2.33 土 3.25 -1.15 士 0.17 
GW 3 35.01 土 17.22 2.98 土 4.63 
GW4 5.70 土 1.63 -3.80 土 2.20 
Mean 9.39 土 3.25 3.69 土 1.78 
Data were means of triplicate values 土 1 standard error, except for the overall mean with n = 24. 
Taking the eight sites as a whole, Mai Po sediments had a mean P flux 
of 9.4 士 3.3 mg m'^ d'' in the wet season, which was insignificantly higher than 
3.7 士 1.8 mg m-2 d'' obtained in the dry season (p>0.05, n=24) (Table 6.2). With 
further breakdown by wetland type, no significant difference in P flux was 
detected from mangrove sediments between the wet (5.5 土 2.9 mg m'^ d'^) and dry 
seasons (p>0.05, n=12), while average P flux from gei wai sediments was 
significantly higher in the wet season (13.3 土 5.8 mg m"^  d'^) (p<0.05, n=12). 
Higher sediment P flux in summer could be attributed to an increase in microbial 
mineralization of organic materials into inorganic forms under a higher 
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temperature (Sondergaard et al, 2001). Water temperature was also found to 
correlate strongly with porewater P concentration in sediments of a Spanish 
coastal lagoon (r=0.71) (de Vicente et al” 2003). Gei wai sediments in the Mai Po 
Marshes had significantly higher organic matter concentrations as compared to 
the mangrove counterparts (see Section 4.3.1), which resulted in more active 
organic decomposition and hence greater extent of increase in P flux in the wet 
season. 
On the whole, phosphorus flux from sediments in the eutrophic Mai Po 
Marshes was over an order of magnitude greater than that in the HKWP, taking 
into account data obtained in the two seasons (p<0.01, n=48). Owing to the 
presence of significantly larger total P and bioavailable P pools (see Sections 4.3.1 
and 4.3.3), Mai Po sediments more readily released P into the overlying water 
column. Similarly, higher sediment P fluxes were reported in nutrient-enriched 
sites than non-impacted areas in a Florida freshwater marsh (Corstanje & Reddy, 
2004)，Everglades peat marsh (Fisher & Reddy, 2001) and Lake Okeechobee 
dairy areas (Pant & Reddy, 2003). Meanwhile, the overall mean P flux of 6.7 士 
1.9 mg m-2 d"' in the Mai Po Marshes was comparable to values of 2.71 mg m"^  
(fi reported for the hypereutrophic Lake Apopka (Moore et al., 1991) and 6.47 mg 
m-2 d'' for the Everglades Water Conservation Area (Fisher & Reddy, 2001). In 
addition to magnitude of P flux, some researchers have determined water column 
equilibrium P concentration (EPCw), i.e. the P concentration at which no net 
retention or release of P by sediments occurs, by incubating cores that contained 
water spiked with different P levels (e.g. Reddy et al., 1996b). If the water column 
P concentration is higher than EPCw, sediments will act as a P sink, and vice versa. 
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Pant and Reddy (2003) found a positive relationship between EPCw value and 
readily available P content in sediments. With a high level of nutrient 
accumulation, Mai Po sediments were expected also to have a high EPCw and 
retain P only at high water column P concentrations. Despite that Hong Kong 
mangrove soils demonstrated good removal of P from highly loaded (40 mg P L"') 
wastewater (Tarn & Wong, 1995b), results obtained in this study suggest that Mai 
Po sediments would likely act as a P source under ambient P concentrations and 
release considerable amount of P into the overlying water even with a reduction in 
external P load. 
Flux values presented in this chapter were estimated based on core 
incubation that simulated a simplified natural environment. Some factors 
potentially affecting sediment-water P exchange were not fully taken into account 
in this approach. For instance, nutrient excretion and physical mixing of 
sediments by benthic macrofauna were shown to increase sediment P release into 
the overlying water (Pennifold & Davis，2001). Given that Mai Po gei wai had a 
high density of macrobenthos (Lui et al., 2002) and the HKWP had numerous 
snails as observed in the field, P flux from sediments could at times be higher than 
the reported values owing to bioturbation. Also, strong photosynthetic activity 
particularly in summer could elevate water pH and subsequently lead to release of 
Fe(OOH)«P from sediments (Sondergaard et al” 2001). The above impacts, 
amongst others, should be thoroughly studied for a comprehensive assessment of 
sediment P flux in the Hong Kong wetlands. 
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6.3.2 Effects of Redox Conditions on Sediment Phosphorus Flux 
Redox potential of wetland sediments varies considerably spatially and 
temporally under the influence of various environmental parameters. Higher 
temperature and organic matter content in sediments can stimulate greater 
microbial mineralization and associated consumption of oxygen and other 
electron acceptors, e.g. NO3-，Fe^ ^ and S04^", which further lower sediment redox 
potential (Kadlec & Knight, 1996). Moreover, the solubility of oxygen is reduced 
in warmer waters, thus less oxygen can be supplied to the underlying sediments to 
maintain a high Eh. To quantify the effects of redox changes on sediment P flux, 
a simulation study was conducted on cores collected from the HKWP and Mai 
Po Marshes and the results were given in Tables 6.3(a) and 6.3(b) respectively. 
Phosphorus flux from Mai Po sediments was highly governed by redox 
conditions. Figure 6.4 shows that water column P concentrations at the eight sites 
increased by 1.5 to 2.8 times from 0.6-4.6 mg l / at the start to 1.8-8.3 mg l / at 
the end of the 14-day anaerobic incubation. This was equivalent to an average 
anaerobic P flux of 31.8 mg m"^  d ' \ which was significantly higher than 9.4 mg 
m-2 d-i determined in the first aerobic cycle (p<0.05, n=24) (Table 6.3(b)). 
Sediment P flux was also observed to be higher under anaerobic conditions in 
other estuaries (Malecki et al, 2004) and lakes (Haggard et al., 2005; Moore & 
Reddy, 1994; Moore et al., 1998), yet the range reported in these studies (2.4-12.3 
mg m-2 d"') was not as high as that in Mai Po (12.6-64.5 mg m'^ d''). In this regard, 
Mai Po sediments were expected to release appreciable amount of P into the 
overlying water under strongly reducing conditions that were particularly 
dominant in summer times with both high temperature and microbial activity. 
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Table 6.3(a) Phosphorus flux from sediments in the Hong Kong Wetland Park 
as influenced by redox conditions 
Phosphorus Flux (^g m"^  d"') 
Site 
Aerobic Cycle Anaerobic Cycle 2"" Aerobic Cycle 
RBI -10.8 士 4.8 25.1 土 18.4 39.1 土 5.1 
RB2 -89.4 土 22.2 63.1 土 22.2 -1.9 土 22.5 
FMl 12.3 士 4.0 104.0 土 62.7 -58.3 土 56.4 
FM2 3.7 士 6.5 102.8 土 78.5 -83.9 土 80.1 
FM3 -1.1 士 2.0 34.7 土 32.8 42.4 士 32.8 
FM4 8.5 士 10.1 29.6 土 1.4 47.1 士 15.7 
FM5 25.8 士 7.5 25.2 土 21.8 24.9 土 16.6 
FM6 33.2 土 12.8 59.5 士 17.5 23.7 土 28.5 
Mean -4.6 土 9.9 a 58.6 土 14.4 b 0.2 士 16.9 a 
Data were means of triplicate values 士 1 standard error, except for the overall mean with n = 24. 
Treatment means sharing the same lowercase letter do not differ significantly (p>0.05) by the 
Bonferroni-corrected Mann-Whitney U test. 
Table 6.3(b) Phosphorus flux from sediments in the Mai Po Marshes as 
influenced by redox conditions 
Phosphorus Flux (mg m"^  d"') 
Site — 
l " Aerobic Cycle Anaerobic Cycle Aerobic Cycle 
B W l -1.6 土 1.5 18.6 士 2.3 -10.7 土 3.9 
BW2 6.5 士 6.1 34.0 土 25.8 -33.1 土 24.2 
BW3 10.7 土 9.9 48.9 土 33.3 -38.0 土 29.7 
BW4 6.5 土 1.7 12.6 士 5.5 -1.3 土 7.6 
GW 1 10.1 土 9.5 20.0 土 5.5 -22.4 土 15.4 
GW2 2.3 土 3.3 29.4 土 5.4 -19.3 土 5.3 
GW 3 35.0 土 17.2 64.5 土 12.6 -67.3 土 15.1 
GW4 5.7 土 1.6 26.5 土 5.0 -24.9 士 9.7 
Mean 9.4 土 3.3 a 31.8 士 5.8 b -27.1 土 6.2 c 
Data were means of triplicate values 士 1 standard error, except for the overall mean with n = 24. 
Treatment means sharing the same lowercase letter do not differ significantly (p>0.05) by the 
Bonferroni-corrected Mann-Whitney U test. 
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The enhancement of P flux under anaerobic conditions could be 
explained in part by the coupling of Fe and P cycling. Under a sufficiently low Eh 
(<100 mV), ferric minerals would be reduced and mobilized into the solution by 
anaerobic microbes, with a concomitant release of P previously adsorbed onto 
these mineral surfaces (Mortimer, 1971; Reddy & D'Angelo，1994). Olila and 
Reddy (1997) also found a strong, positive correlation between Eh and Fe-bound 
P concentration in the Florida eutrophic lake sediments. With a very high 
concentration of redox-sensitive Fe(OOH)«P (224-1346 jig g \ Chapter 4)，Mai 
Po sediments could provide abundant supply of bioavailable P to the water 
column when subject to reducing conditions. In addition, anoxic hydrolysis of 
bacterial polyphosphate as well as mineralization of organic matter and phytate 
might contribute to the significant P release from Mai Po sediments (Golterman, 
2001b; Selig & Schlungbaum, 2003). The solubilized inorganic P could go 
directly into the overlying water even against the diffusion gradient (Premazzi & 
Provini, 1985), which justified the high solution P concentrations detected at the 
end of anaerobic incubation. 
In the second aerobic cycle of incubation, Mai Po sediments exhibited a 
net retention of P ranging from 1.3 to 67.3 mg m"^  d"' which was significantly 
different from positive mean P fluxes obtained in both the first aerobic and 
anaerobic cycles (/7<0.05, n=24) (Table 6.3(b)). Indeed, the most significant 
reduction in water column P concentration occurred during the first two days of 
re-aeration, with a 17 to 66% decrease from 1.8-8.3 mg L'^  to 1.1-3.7 mg L'' (Fig. 
6.4). A rapid drop in overlying water P level upon a shift from anoxic to oxic 
conditions has been similarly observed in sediment cores of lakes (Moore et al., 
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1998) and lagoons (Gomez et al, 1999), which could presumably be attributed to 
precipitation of ferric phosphate or adsorption of P onto ferric oxides and 
hydroxides newly formed under an oxygenated environment (Moore & Reddy, 
1994). Following a positive redox-tumover, Gunnars and Blomqvist (1997) 
reported an increase in concentration of particulate P simultaneously with a 
reduction in dissolved P level in the water column of sediment cores as a result of 
P scavenging by ferric oxohydroxide. The strong release and retention of P 
demonstrated by Mai Po sediments under anoxia and re-aeration respectively 
lends further support to the hypothesis that Fe chemistry and sorption processes 
predominantly regulate sediment-water exchange of phosphorus. 
Significantly higher mean P flux of 0.06 mg m'^ d"^  was recorded in the 
HKWP under anaerobic conditions, as compared to corresponding values (< 0.01 
mg m-2 d-i) obtained in the first and second aerobic cycles (p<0.05, n=24) (Table 
6.3(a)). The reduction in water column P concentration during the first three days 
of anaerobic incubation was not taken into account in flux calculation. This initial 
decrease was likely a leftover effect of preceding aerobic incubation as P 
concentration increased steadily at subsequent sampling events (Fig. 6.2). 
Because of the significantly smaller Fe(OOH)»P and organic-P pools in the 
HKWP sediments (see Chapter 4), the increase in P flux arising from dissolution 
of ferric-P compounds and release of organic P under reducing conditions was of 
limited magnitude. Moreover, in the absence of a large anaerobic P release, the 
HKWP sediments did not retain appreciable amount of P upon re-aeration of the 
water column and no significant difference was found between sediment P fluxes 
in the first and second aerobic cycles (/?>0.05, n=24) (Table 6.3(a)). 
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In view of the high P flux from Mai Po sediments especially under 
anaerobic conditions, substantial efforts should be made to reduce internal loading 
of P for alleviating eutrophication in the Marshes. Dredging of nutrient-laden 
sediments could remove a significant portion of accumulated P and hence lower P 
release into the overlying water (Sondergaard et al., 2001). Besides physical 
dredging, chemical amendments could be applied to control internal P loading. 
Addition of calcium nitrate is proven to considerably reduce P flux from lake 
sediments, based on the principle that nitrate is preferentially reduced under 
anoxic conditions which minimizes the dissolution of Fe(III) minerals and thus 
release of Fe(OOH)«P (Sondergaard et al., 2000). This approach has also been 
used successfully to limit the production of sulphide from sediments in the 
heavily polluted Shing Mun River in Hong Kong. Furthermore, wetland 
sediments added with alum [Al2(S04)3.141120] and lime materials such as CaCOs 
and Ca(0H)2，which are less susceptible to redox changes, have been shown to 
effectively immobilize P (Ann et al., 2000; Haggard et al., 2005). Alum is capable 
of binding P irreversibly by co-precipitating with P or forming an insoluble floe of 
aluminium hydroxide at near neutral pH which adsorbs additional P (Steinman et 
al., 2004). The above options would need to be further studied to determine the 
best approach and appropriate dosage of chemical amendments for reducing P 
flux from Mai Po sediments. 
6.4 CONCLUSIONS 
The characteristics of P exchange across the sediment-water interface of 
the Hong Kong Wetland Park and Mai Po Marshes have been presented in this 
chapter. Based on the results, the following conclusions could be drawn: 
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1) The HKWP sediments had a mean P flux of 0.05 土 0.01 mg m'^  d ' \ 
which was very low in comparison to the range of 1.5-93 mg m"^  d"' 
reported for other constructed wetlands. The small extent of P release 
suggests that the HKWP sediments would not contribute to significant 
degradation in water quality. 
2) An overall mean P flux of 6.7 ±1.9 mg m"^  d'' was recorded from Mai 
Po sediments which was over an order of magnitude greater than that in 
the HKWP and was comparable to values obtained from other eutrophic 
wetlands. The high P flux determined suggests that internal loading 
would continue to supply considerable amount of P into the overlying 
water of the Mai Po Marshes even with a reduction in external P load. 
3) The HKWP sediments exhibited a distinct seasonal pattern in P flux, 
with a significantly higher mean value in the dry season (97 |ig m"^  d'') 
than the wet season (-5 }ig m'^ cT】）. This variation in P flux was likely a 
result of difference in water column P concentration and hence diffusive 
flux. On the other hand, significantly higher average P flux was 
observed from sediments in the Mai Po gei wai in the wet season (13.3 
mg m-2 d-i) than the dry season (0.1 mg m'^ d''), which could be 
attributed to greater mineralization of organic matter under a higher 
temperature. 
4) With a mean value of 31.8 mg m'^ d ' \ P flux from Mai Po sediments 
under anaerobic conditions was significantly higher than that in the two 
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aerobic cycles. In the second aerobic cycle of incubation, a net retention 
of P ranging from 1.3 to 67.3 mg m"^  d'' was obtained. The strong 
release and retention of P under anoxia and re-aeration respectively 
were believed to be regulated by Fe chemistry and sorption processes. 
In view of the high anaerobic P flux, efforts should be made to reduce P 
release by sediments in the Mai Po Marshes especially under reducing 
conditions by dredging contaminated sediments with care or applying 
suitable chemical amendments for eutrophication abatement. 




Phosphorus retention and transformation has been regarded as one of 
the key biogeochemical functions of wetlands. Given the large spatial variations 
in P removal efficiency reported in numerous input-output studies, there is a need 
to better understand the major components and mechanisms involved in P cycling 
in wetland ecosystems for the sound management of water quality. Subject to the 
prevailing environmental conditions, wetland sediments may either act as a sink 
or source for P through interactions of various exchange processes. At present, 
there is a paucity of studies to compare the P removal ability of sediments 
between natural and constructed wetlands. This research aims to characterise the 
phosphorus retention and release behaviour of sediments in the natural Mai Po 
Marshes and the constructed Hong Kong Wetland Park, and to investigate the 
influence of selected physico-chemical parameters on sediment P dynamics in 
Hong Kong wetlands. 
7.2 SUMMARY OF MAJOR FINDINGS 
Under the influence of heavily polluted estuarine water from Deep Bay, 
the Mai Po Marshes had very high concentrations of total phosphorus and total 
nitrogen in the water column and sediments which indicated the wetland as a 
contamination hot spot. In contrast, the Hong Kong Wetland Park received less 
polluted urban stormwater which resulted in significantly lower nutrient levels in 
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the sediment-water system. Also, a strong seasonal pattern in physico-chemical 
properties of overlying water was evident in the two wetlands, with significantly 
lower pH and salinity and higher temperature in the wet season than in the dry 
season and that could impact on P exchange processes. 
Results of P fractionation study revealed that Mai Po sediments had 
significantly higher concentrations of Fe(OOH)«P, CaC03«P, Org-Pac and 
Org-Paik than the HKWP counterparts, owing to substantial input of inorganic and 
organic nutrients from eutrophic water, plant litter and dead algal matter. This 
suggested that considerable amount of sediment P in the Mai Po Marshes would 
be readily mobilized for biotic uptake under favourable environmental conditions. 
Overall, inorganic P accounted for more than 50% of the total P pools in both the 
Mai Po and HKWP sediments. In terms of percentage, Fe(OOH)«P was the 
dominant P form for the majority of sediments, comprising 30-75% of the sum of 
all P fractions. Sediments in the Mai Po Marshes had a mean Fe(OOH)«P 
concentration of 912 \ig g"' which was significantly higher than that in other 
mangroves and coastal lagoons, indicating a potential risk of significant release of 
redox-sensitive Fe-bound P into the overlying water under reducing conditions. 
Results of batch incubation study indicated that sediments in the Mai Po 
Marshes exhibited greater maximum and relative sorption capacities at high and 
low solution P concentrations respectively compared to the HKWP sediments. 
The significantly higher Langmuir sorption maximum (1642-3582 mg kg]) and 
Freundlich adsorption constant (1124-3056 L kg"') obtained in the c layey - t ex tu red 
Mai Po sediments could be largely attributed to the presence of significantly 
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greater concentrations of oxalate-Fe, oxalate-Al and organic matter, which 
provided high specific surface areas for P adsorption to take place. Nevertheless, 
further sorption of P by Mai Po sediments was expected to be increasingly 
energetically unfavourable given the high degree of P saturation, low bonding 
energy constant and low molar ratio of FeOOH to Fe(OOH)«P determined. On 
the other hand, Langmuir Smax obtained in the HKWP was moderately high 
compared to values reported for other constructed wetlands. Together with a 
higher bonding energy constant and FeOOH to Fe(OOH)«P ratio, the HKWP 
sediments demonstrated a good capacity to adsorb additional P from solutions. 
Zero equilibrium P concentration was also determined to shed light on 
the role of sediments in phosphate buffering. The HKWP sediments had very low 
EPCo values ranging from 4.6 to 23.6 i^g L"^ and hence would adsorb P readily 
under moderate to high P loadings. Mai Po sediments possessed significantly 
higher EPCo values (0.02-0.51 mg L"') that were yet lower than their 
corresponding porewater P levels (0.8-7.2 mg L''), which suggested a net P 
adsorption under the existing pollution level. Meanwhile, there would be a 
potential desorption of P when sediments in the HKWP and Mai Po mangroves 
were resuspended into the water column containing P concentration lower than 
the EPCo value. Correlation analysis showed that EPCo had a significant and 
positive relationship with both oxalate-P and TP concentrations, thus further 
supporting the use of sediment EPCo value as a proxy for indicating the pollution 
status of wetlands. 
Three distinct sorption stages were identified from kinetic experiments, 
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indicating that P adsorption by wetland sediments was a multiple-kinetic process. 
Overall, the initial fast adsorption step was completed within 20 minutes and the 
second sorption stage lasted for around 1.6 to 8.2 hours prior to the 
commencement of the third stage. The rate of P adsorption by wetland sediments 
decreased significantly with time, as shown by an order of magnitude reduction in 
first-order rate constant for each successive adsorption stage, which could be 
attributed to changes in dominant adsorption mechanisms. 
In view of the large seasonal variations in environmental parameters of 
wetlands, the effects of pH, salinity and temperature on phosphorus sorption by 
sediments were investigated by laboratory incubations. Maximum P adsorption 
was generally attained at around pH 6 to 7 and the sorption amount then declined 
gradually to two minima as pH moved towards the upper and lower ends of the 
range respectively. However, given the high pH buffering capacity exhibited by 
sediments in both wetlands, it is expected that variations in porewater pH and 
subsequent effects on P sorption to be rather limited under field conditions. 
Laboratory experiments demonstrated a net P adsorption by wetland 
sediments within the low range of salinity (0.5-5 %。）typically found in the 
freshwater HKWP. When salinity further increased from 5 %o to 30 %o, the P 
sorption amount was reduced to even negative values, as a result of enhanced 
competition between phosphate ions and other anions for sediment sorption sites. 
As such, there would be potentially a release of P by Mai Po sediments into the 
overlying brackish water particularly in the dry season when salinity could reach 
as high as 20 %�• Moreover, the effects of temperature on P sorption were found to 
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be greater with the use of higher initial P concentrations. Following the addition 
of solution containing 15 mg P l / , the amount of P sorbed in general increased 
with temperature from 15 to 30 °C. This implied a greater adsorption of P by 
wetland sediments in the wet, summer season, where ionic exchange was 
facilitated by a rise in temperature. 
Results of core incubation experiment showed that the HKWP 
sediments had an average P flux of 0.05 士 0.01 mg m'^ d'^ Such an extent of P 
flux was appreciably lower than the range of 1.5 to 93 mg m"^  d"' reported for 
other constructed wetlands, suggesting that sediment P release would not 
contribute to significant degradation in water quality. A distinct seasonal pattern in 
P flux was exhibited by sediments in the HKWP, with a significantly higher mean 
value in the dry season (97 |ig m'^ d"^ ) than the wet season (-5 |ig m'^ d"'), which 
was likely a result of difference in water column P concentration and hence 
diffusive flux. For the Mai Po sediments, an overall mean P flux of 6.7 士 1.9 mg 
m-2 d"' was recorded which was over an order of magnitude greater than that in 
the HKWP and was comparable to values obtained from other eutrophic wetlands. 
Average P flux from sediments in the Mai Po gei wai was observed to be 
significantly higher in the wet season (13.3 mg m'^ d'') than the dry season (0.1 
mg m-2 d-i), which could be attributed to greater mineralization of organic matter 
under a higher temperature. 
To determine the effects of redox conditions on sediment P flux in Hong 
Kong wetlands, a laboratory simulation study with intact sediment cores was 
conducted. Results indicated that Mai Po sediments had a significantly higher 
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mean P flux of 31.8 mg m"^  d'' under anaerobic conditions as compared to that in 
the two aerobic cycles. In the second aerobic cycle of incubation, negative P 
fluxes ranging from -1.3 to -67.3 mg m'^ d'' were even obtained. The HKWP 
sediments also demonstrated a significantly higher P flux under reducing 
conditions, albeit the increase was of small magnitude only. The strong release 
and retention of P by Mai Po sediments under anoxia and re-aeration respectively 
were believed to be regulated by Fe chemistry and sorption processes. 
To conclude, sediments in the Mai Po Marshes were expected to have 
limited contribution to water quality improvement. In spite of the great maximum 
and relative sorption capacities, the nutrient-laden Mai Po sediments encountered 
increasing difficulty to further adsorb P because of a high degree of P saturation. 
Although Deep Bay has been designated by the Hong Kong Government as a zero 
discharge zone, water quality in the watershed would not be significantly 
improved without collaboration from Mainland China in controlling effluent 
discharge. Moreover, the high sediment EPCo value and P flux determined suggest 
that internal loading would continue to supply considerable amount of P into the 
overlying water of the Mai Po Marshes to sustain the eutrophic conditions. 
Further, there was a substantial release of sediment P under anaerobic conditions 
that was attributable to the presence of a large Fe(OOH)~P pool. In this regard, 
considerable efforts should be made to reduce internal loading of P in the Mai Po 
Marshes, especially under reducing conditions, by carefully dredging 
contaminated sediments or applying suitable chemical amendments for 
eutrophication abatement. 
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On the other hand, the HKWP sediments comprising pond bund 
materials, decomposed granite and clean river sand were considered as potentially 
suitable substrates for effective retention of water-borne P in constructed wetlands. 
Owing to the low concentrations of bioavailable P fractions, sediments in the 
HKWP exhibited only a small extent of P flux into the overlying water. Moreover, 
high Langmuir sorption maximum, bonding energy constant and FeOOH to 
Fe(OOH)«P ratio were obtained for the HKWP sediments, which favoured 
adsorption of additional P as long as solution P concentration exceeded the low 
sediment EPCo value. Notwithstanding this, given the very low P concentration in 
influent stormwater, sediments did not have to play a significant role in removing 
P from the HKWP waters. Wetland managers are advised to take into account 
influent P levels, amongst others, in their consideration of utilizing sediments in 
constructed wetlands to purify nutrient-loaded water. 
Last but not least, results obtained in this study suggested that 
constructed wetlands could be viewed as a viable option to mitigate the loss of 
natural wetlands with respect to the water quality functions, with sediments in the 
constructed HKWP potentially retaining water-borne P more effectively than 
those in the natural Mai Po Marshes. Yet, this does not necessarily assure that the 
newly constructed wetland can perform as well as the natural wetland in the long 
run, as the various components in wetlands are gradually developing and 
processes constantly changing (Bastian & Hammer，1993). Hence, phosphorus 
retention and transformation function, amongst others, should be closely and 
periodically monitored for assessing the effectiveness of constructed wetlands in 
ecological mitigation. 
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7.3 LIMITATIONS OF STUDY 
This study has highlighted some of the key P retention and release 
characteristics of wetland sediments in Hong Kong, yet it fails to address the 
impacts of various biological and microbial activities (e.g. bioturbation, 
mineralization, etc.) on sediment-water P exchange. Also, the process-level data 
in this study were gathered mainly through laboratory-based experiments and thus 
might not be able to fully represent situations in the actual wetland environment. 
For instance, sediment P flux could be greatly affected in the field by wind- and 
tidal-induced advective currents which were however not simulated in core 
incubation experiments. 
Moreover, this research focuses on examining the ability of wetland 
sediments in retaining and releasing soluble P but not particulate P. As a result of 
accretion of suspended matter, a downward flux of particulate P from overlying 
water into sediments is predominantly found in wetlands (Reddy et al., 1999a). As 
such, the overall P retention ability of sediments has likely been underestimated 
by this study. Furthermore, owing to time and resource constraints, more frequent 
collection and analysis of sediment samples are not possible for determining 
seasonal variations in P fractions and other P exchange properties. 
7.4 SUGGESTIONS FOR FUTURE STUDY 
Given the complexity of P exchange between sediments and overlying 
water, numerous issues remain unresolved by this research. First, while P flux 
across the sediment-water interface of Hong Kong wetlands has been measured in 
this study, the degree of influence of diffusion processes is not known. 
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Determination of porewater P concentration gradient and estimation of diffusive P 
flux can help shed light on the significance of this mechanism. Sophisticated 
techniques like diffusive gradients in thin films (DGT) have been recently used to 
measure dissolved P concentration in situ at submillimetre resolution which 
facilitates the establishment of detailed concentration profile (Zhang et al., 1998). 
Second, this study does not provide information on whether sediments 
would act as a sink or source for P when being flooded with overlying water at 
different P concentrations, which is crucial to water quality management. There is 
a need to further determine water column equilibrium P concentration, i.e. the 
concentration at which no net retention or release of P by sediments occurs, by 
incubating sediment cores with overlying water spiked with a range of P levels. 
Third, other P mobilization and transport mechanisms not covered in 
this study warrants further investigation in order to critically and comprehensively 
assess the role of wetland sediments in P retention. For instance, bioturbation by 
benthic macro fauna has been shown to considerably increase sediment P flux into 
the overlying water column (Pennifold & Davis, 2001). On the other hand, 
periphyton communities attached on sediment surface can contribute to effective 
P retention through assimilating nutrients and reducing advective transport 
(Dodds, 2003). The effects of these processes on sediment-water P exchange will 
need to be examined in a local context for maximizing P retention in wetlands. 
Fourth, this study has not quantified external P loads to the HKWP and 
Mai Po Marshes. It is essential to compare the external P load against the internal 
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P load of wetlands in determining the best and most effective approach to 
combating eutrophication. Calculation of external P load requires monitoring 
water flow in the field continuously and collecting water samples regularly for P 
analysis (Brigault & Ruban，2000). 
Fifth, results obtained from P fractionation and core incubation in this 
study fail to indicate which of the P fractions were actually involved in P release 
or retention by wetland sediments. To address this missing link, it is suggested to 
further determine changes in various sediment P fractions following phosphorus 
release and adsorption, similar to the approach adopted by Gomez et al. (1999) on 
brackish lagoonal sediments. 
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